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ABSTRACT
Legacy arsenic contamination from past mining operations remains an environmental concern in
lakes of Yellowknife (Northwest Territories) due to its post-depositional mobility. Warmer
temperatures associated with climate change may impact arsenic diffusion from lake sediments
either by direct effect on diffusion rate or indirect effects on microbial metabolism and sediment
redox conditions. This thesis assessed the influence of warmer temperatures on arsenic diffusion
from contaminated sediment of two lakes using an experimental incubation approach.
Yellowknife Bay sediments (with clay, 10 % organic matter, and arsenic = 1700 µg/g) differed
from sediments of Lower Martin Lake (with ~70 % organic matter and arsenic = 822 µg/g).
Duplicate sediment batches from each lake were incubated for four weekly temperature treatments
(5 ℃ to 20 ℃ at 5 ℃ intervals) under well-oxygenated conditions and regularly sampled for
surface water chemistry. Temperature had no influence on arsenic flux from either sediment type,
and other factors must be considered.
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INTRODUCTION

Arsenic (As) is a naturally occurring element within the earth’s crust (Sharma & Sohn, 2009).
There are four oxidation states of As, with arsenate (As(V)) and arsenite (As(III)) being the most
common in the environment. Despite As being a natural element, it is commonly released from
human activities such as the burning of fossil fuels, mining, and in the application of pesticides
(Bissen & Frimmel, 2003). Organic As is generally safer than inorganic As (Sharma & Sohn, 2009;
Ng, 2005), and inorganic As tends to have a higher toxicity and can be dangerous to human health.
Inorganic As is toxic and is a known carcinogen (Ng, 2005, Smith et al., 1992), and its toxicity is
dependent on its chemical speciation (La Force et al., 2000; Sharma & Sohn, 2009). Typically,
As(III) is the most toxic form of inorganic As species because of its reactivity to sulphyhydryl
groups of biomolecules, which impedes the activities of certain enzymes such as glutathione and
lipoic acids and proteins (Aposhian & Aposhian, 2006; Sharm & Sohn 2006). Also, As(III) can be
more mobile because As(V) forms surface complexes on minerals more readily than As(III)
(Sharma & Sohn, 2009), and As(V) tends to compete with phosphate for binding locations on solid
surfaces such as goethite (Gao & Mucci, 2001; Sharm & Sohn 2009) and ferrihydrite (Jain &
Loeppert, 2000; Dixit & Hering, 2003; Sharm & Sohn 2009; Hellweger & Lall 2004; Raab & al.,
2007). The main entry of As into the human body is through water and food consumption (WHO;
2017). The current limit of allowable As in drinking water before it becomes dangerous to the
human body is 10 μg/L of inorganic As, and consuming more than 60,000 μg/L can be fatal (Wang
& Mulligan 2002; WHO, 1993). Acute As poisoning symptoms depend on the rate at which the
compound can be removed from the body, however in extreme cases that it cannot be removed
fast enough, acute As poisoning can lead to gastrointestinal discomfort, vomiting, coma, and in
extreme cases death (Wang & Mulligan, 2005; WHO, 1993). Chronic As poisoning can result in
1

anemia, dermal lesions such as hyperpigmentation and hypopigmentation, leucopenia, peripheral
neuropathy, skin cancer, bladder and lung cancers, and peripheral vascular disease (Wang &
Mulligan, 2005; WHO 1993; WHO 2017). In fish, As can reduce their growth, hinder their feeding,
cause tissue lesions, and decrease egg production (Boyle et al., 2008; Pedlar et al., 2002; Erickson
et al., 2010; Woodward et al., 1995). Due to its toxicity and environmental impact, it is important
to understand how As can move within aquatic environments.

There is a lack of research on how environmental As can be influenced by temperature in
freshwater lakes (Palmer et al., 2019). This thesis is part of a larger ongoing research program that
began with Environment and Climate Change Canada investigating the legacy mining
contamination in the Yellowknife area of Northwest Territories (NWT). Lakes within the
Yellowknife area are contaminated with As from historical mining activities during the 20th
Century. The two most prominent mines in the Yellowknife area were the Giant Mine and Con
Mine (Moir et al., 2006). Both locations were mining and roasting ore for gold, and Giant Mine
generated about 7 million ounces of gold throughout its production from 1948-2004, resulting in
it being one of the most productive gold mines in Canadian history (Moir et al., 2006). The gold
generating process required the roasting of ore, which created a substantial amount of solid waste
and aerial emissions (Palmer et al., 2016). These aerial emissions released precipitated arsenic
trioxide (As2O3) into the surrounding environment of the mines (Moir, et al., 2016). Inorganic As
was one of the primary contaminants released by gold mines in the Yellowknife area and is still
found at elevated concentrations in the receiving environment (Thienpont et al. 2016, Chételat et
al. 2018).
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In the sediments of Yellowknife Bay, the tailings of Giant Mine and the soil surrounding the
Giant Mine property contained a mixture of As(III) and As(V)-bearing maghemite and hematite
which contained approximately 7 wt% of As (Andrade et al., 2010; Bromstad et al., 2017; Van
Den Berghe et al., 2017; Walker et al., 2005). In a 30 km radius around the historical mining site
the As concentration in the near-surface sediments of the surrounding lakes ranged from 5 μg/g to
over 10,000 μg/g (Galloway et al., 2017). The As concentration of the lake sediments are
dependent on the distance and direction from the mine site, and typically lakes that are within 11
km from the mine had the highest As concentration in their sediments (Galloway et al., 2017).
Within the north end of Yellowknife Bay, closest to the Giant Mine site, the surface water As
concentration is ~3 μg/L, whereas the main body of Great Slave Lake is < 1 μg/L (Chételat et al.,
2017, 2019). In Lower Martin Lake, the mean As surface water concentration was measured at 60
μg/L (Palmer et al., 2019). The concentration of As tends to be greatest at the sediment-water
interface, suggesting the mobility of As in the lake sediments, however the evidence also suggests
that As is bound to the sediments at the surface water interface (Palmer et al., 2019; Van Den
Berghe et al., 2017). Inorganic As can naturally diffuse through lake sediments and has been
shown to do so in Great Slave Lake sediments (Andrade et al., 2010; Chételat et al. 2018; Galloway
et al., 2017; Palmer et al., 2019). The concentrations of As in Great Slave Lake’s sediments have
been studied over the past 30 years (Wagemann et al., 1978).

Environmental conditions are changing and will change more with climate warming and these
environmental changes could influence the stability of legacy As contamination in the Yellowknife
area. A study by Barrett et al. (2019) identified that the key control of As mobilization is organic
carbon because microbial decomposition of organic carbon consumes oxygen and other electron
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acceptors, which turns the environment into an iron (Fe)-reducing state and results in the
mobilization of As from the sediment particles at the sorption sites (Barrett et al., 2019). Since
microbial activity is influenced by temperature (Ratkowsky et al., 1982), it is believed that
temperature can impact the mobility of sediment As, which has been shown in laboratory studies
on terrestrial soils and lake sediment experiments (Weber et al., 2010; Barrett et al., 2019).
Therefore, the As flux from sediment within the lakes could possibly be influenced by increasing
temperature. This project aims to generate new information on the influence of temperature on As
diffusion within contaminated sediment, and to investigate whether sediment organic content
influences the diffusion flux of As. Little information is available on the temperature influence of
As diffusion in freshwater sediment. By understanding what environmental conditions impact the
diffusion of As from sediment in freshwater lakes, we can predict how As diffusion can possibly
be influenced by the environmental changes brought on by climate change. With climate change
increasing the temperature within the subarctic, the fate of the legacy mine contaminants is of high
interest to researchers and those living within the surrounding area.

This thesis assessed the influence of warmer temperatures on As diffusion from contaminated
sediment with different composition using an experimental 30-day incubation approach. This
study compared As diffusion rates from sediment at two sites with different geochemical
characteristics. I hypothesized that As flux would increase with warmer temperature treatments
and I also predicted that the As flux will be highest in higher organic matter (OM) rich sediments.
Two of the sediment cores were retrieved from within Yellowknife Bay of Great Slave Lake and
the other two were collected from Lower Martin Lake (Figure 1.1). The objective of this research
was to determine if temperature alone would influence the As flux from mine contaminated
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sediments into the overlying water. With the increasing rise in temperature brought on by climate
change it is important to understand how temperature can influence changes in contaminant
exposure within lake sediments with different geochemical composition.

Figure 1.1: Approximate locations where the sediment cores were collected from Lower Martin
Lake and Yellowknife Bay. Location of the Giant Mine and Con Mine in relation to the capital of
the Northwest Territories, Yellowknife.
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2
2.1

LITERATURE REVIEW
Arsenic Toxicity

Arsenic can be found in four different oxidation states, however pentavalent arsenate (As(V)), and
trivalent arsenite (As(III)) are the most common forms to be found within freshwater environments
(Rahman & Hasegawa, 2012; Sharma & Sohn, 2009). Organic forms of As such as dimethylarsinic
acid (DMA) and monomethylarsonic acid (MMA) can also be found in freshwater environments,
although at lower concentrations (Rahman & Hasegawa, 2012). According to numerous studies,
the physicochemical properties of the freshwater environment are what determines the speciation
of As within the environment because the As speciation is dependent on the redox conditions of
the water, and thus determines As toxicity to the local environment’s organisms (Sharma and Sohn,
2009).

There are different mineral forms of As found within lake sediments in the surrounding
Yellowknife area such as As2O3, arsenopyrite, arsenic sulphides (As2S3), and dissolved organic
and inorganic As species in the water column (Van Den Berghe et al., 2017). The different type
of dissolved As species determines their diffusion properties and toxicity. The speciation of As is
pH dependent, as pH impacts the solubility of anions of iron (Fe)-hydroxides (Masscheleyn et al.,
1990). These anions dictate the bioavailability and toxicity of As in aquatic systems (Masscheleyn
et al., 1990).

The species of As and their mode of biochemical action is what determines the toxicity of
the As to organisms (Rahman & Hassler, 2014). Inorganic As forms are typically more toxic than
organic As, however some organoarsenicals, trivalent methylarsenicals have been reported to be
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more toxic than inorganic As (Rahman & Hasegawa, 2012). Arsenite is toxic as it impairs the
function of proteins and impedes enzyme activity (Rahman & Hasegawa, 2012; Sharm & Sohn,
2006; Aposhian & Aposhian 2006), and As(V) tends to inhibit oxidative phosphorylation, which
is when a phosphoryl group is chemically added to an organic molecule (Orelmand & Stolz, 2003).
The toxicity of DMA and MMA is less understood, and there is a lack of research on their impact
in freshwater environments (Orelmand & Stolz, 2003).

Microorganisms such as phytoplankton, are known to have a detoxification mechanism as
they are capable of bio-transforming toxic species of As into less toxic species such as organic As
(Levy et al., 2005; Oremland & Stolz, 2003). However, the biological transformations of inorganic
As into organoasenicals can create a by-product of MMA(V) and DMA(V). Arsenite is easier for
microorganisms to excrete than As(V), therefore the reduction of As(V) to As(III) has been
considered a detoxification mechanism, and is one of the reasons trivalent forms of
organoasenicals are less common than the pentavalent forms in fresh waters (Oremland & Stolz,
2003).

2.2

Arsenic Mobility in Sediment

Arsenic was deposited into the sediments of Yellowknife Bay and Lower Martin Lake via mining
activity at Giant Mine and Con Mine. Through the ore roasting process As-bearing Fe oxides and
sulphur dioxide (SO2) were emitted from smokestacks into the atmosphere. Once in the
atmosphere, the As vapor precipitated as As2O3 and was deposited into the surrounding
environment (Palmer et al., 2015). Arsenic also entered Yellowknife Bay by mine wastewater
effluent that was directly discharged into the bay (Palmer et al., 2019). Arsenic continues to enter
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the lake from leaching of soils in the water catchment. Once As mine wastes enter the lake, they
settle out to the bottom of the lake in the sediments. Over time the sediments accumulate, partially
burying the As contamination. Some of the mineral As undergoes dissolution, resulting in
dissolved As in porewater that is mobile and can diffuse upwards through the sediment to the
surface, and re-enter the water column. The process of As contamination entering the environment
in the Yellowknife area is illustrated in Figure 2.1. The speciation and diffusion of porewater As
into the overlying water is dependent on the dissolved oxygen and redox conditions within the
sediments. Arsenite is dominant in reducing conditions such as the low oxygenated bottom waters
and porewater of sediment, while As(V) is found in well oxygenated environments (Hughes, 2002;
Bowell et al., 2014).

Figure 2.1: Diagram of the As contamination entering the surrounding environment of Giant
Mine and Con Mine.
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The increased mobility of As in reducing environments is caused by the formation of
As(III) species interacting with the microbial metabolism of organic carbon (Smedley &
Kinniburgh, 2002). Arsenate is reduced to As(III) during microbial respiration of bacteria, algae
and archaea with sediments, as As(V) acts as an electron acceptor during microbial respiration
which reduces to As(III) (Campbell & Nordstrom, 2014; Dixit & Hering, 2003; Lloyd &
Oremland, 2006; Oremland & Stolz, 2003; Stachowicz et al., 2008; Stolz & Oremland, 1999).
Also, As host phases such as Fe(III) oxides that undergo microbially mediated reductive
dissolution can cause a release of As from the sediments into solution (Burton et al., 2008; Fendorf,
Nico, et al., 2010; Hockmann, Lenz et al., 2014; Kocar & Fendorf, 2009; Kocar et al., 2006).
Aqueous As(III) and As(V) -species are strongly associated to Fe(III) minerals (Johnston et al.,
2020).

There are many processes that can control the mobility of As from porewater into overlying
water (Weber et al., 2010). One such process is microbial reduction of As(V). If this process occurs
in neutral pH to acidic condition, As(III) will not strongly sorb to Fe(III) and aluminum oxides and
oxyhydroxides as As(V) does, and this allows As(III) to be more readily released into the overlying
water (Roberts et al., 2004; Stachowicz, 2008; Dixit & Hering, 2003). The second possible process
is that Fe(III) (hydr)oxides are poorly crystalline, the Fe(III) reducing bacteria will begin to
dissolve the Fe(III) (hydr)oxides, which reduces the number of sorption sites, and frees the sorbed
As on the Fe(III) (hydr)oxides into the surrounding water (Tufano et al., 2008).The third process
is that an increasing concentration of competing ions such as bicarbonate (HCO3-), phosphate, and
dissolved organic carbon (DOC) will promote the release of As from Fe(III) (hydr)oxides
(Stachowics et al., 2008; Appelo et al., 2002; Bauer & Blodau, 2006). In reducing conditions,
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minerals such as magnetite, green rust and sulphide (S2-) minerals such as As2S3 can form, which
becomes a possible sorbent phase for As (Ona-Nguema et al., 2009; Coker et al., 2006; Wang et
al., 2008; Wolthers et al., 2005). This then impedes As from entering the porewater and prevents
it from diffusing into the surrounding water column (Tufano et al., 2008; Kocar et al., 2006).

2.3

Impact of Organic Matter

Organic matter is believed to impact As biogeochemistry, due to OM being highly reactive with
metal(loid)s, which can alter the mobility of As (Redman et al., 2002). Humic and fulvic acids of
OM have been shown to impede arsenic adsorption under certain circumstances such as at high
concentrations of fulvic acid which reduce As adsorption in environment of low pH. Water pH
determines the charge of solid surfaces and the As speciation within the solution, further impacting
the sorption behaviour of As (Xu et al., 1991; Xu et al., 1988; Thanabulasingam & Pickering,
1986), and OM can increase the mobility of As in soil (Jackson & Miller, 1999). However, it is
not fully understood how this process works (Redman et al., 2002). On hematite surfaces OM will
displace the sorbe As(V) and As(III) from the hematite surface, allowing for As to be displaced
and mobilised (Redman et al., 2002). This creates a competition for sorption sites between OM
and As and is considered as a potential pathway of As mobilisation (Redman et al., 2002). In an
experiment conducted by Redman et al. (2002), in the presence of OM, As(III) tended to desorb
or could not properly sorb to hematite surfaces compared to As(V), explaining why As(III) tends
to have a greater mobility than As(V) in natural environments. Previous experiments conducted
by Kalbitz & Wennrich (1998) have shown that As concentration in contaminated wetland soil
was positively correlated with the concentration of dissolved OM. Their study also suggested that
soil characteristics such as DOC concentration in soil solution should be monitored and is as
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important to monitor as soil potential for adsorption to clay, oxides, cation exchange capacity and
soil pH, in assessing the potential mobilization of As (Kalbitz & Wennrich, 1998).

For these reasons, I will be studying two lakes with sediment of different OM content, to
account for the potential influence of OM on As diffusion and bioavailability (Redman et al.,
2002). The interaction of OM and As is heavily pH dependent, because of the competition for
adsorption sites, the presence of large amounts of dissolved OM will encourage the mobilization
of As (Wang & Mulligan, 2006).

In lakes with OM rich sediments, it has been reported that heterotrophic microbial activity
influences the precipitation of As as a S2- mineral (realgar) (Van Den Berghe, et al., 2017). Arsenicbearing S2- will remain stable if the lake sediments are in a reduced state (Van Den Berghe, et al.,
2017). A study by Galloway et al., (2018) reported that labile OM might act as a substrate for
microbial growth, which slows down with the precipitation of As2S3, in lakes that were impacted
by Giant Mine. This is because OM influences microbial activity within the sediments by
promoting microbial growth (Campbell & Nordstrom, 2014; Galloway et al., 2018; Mladenov et
al., 2010), which in turn influences the porewater redox potential gradient. Organic matter acts as
an electron shuttle between the Fe and micro-organisms, promoting the microbial community to
reduce the Fe and mobilize sorbed As (Galloway et al., 2018; Schwarzenbach et al., 1990; Lovely
et al., 1996; Mladenov et al., 2010). Organic matter can cover the surface of sediment particles,
creating a large surface area of organic substrates, to which metal(loid)s can bind (Sanei et al.,
2005).
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Lake and wetland sediments may act as a sink or source for As (La Force et al., 2000; Gurung
et al., 2005; MacDonald et al., 2005; Du Laing et al., 2009). The interactions between As and
particulate OM are controlled by pH and redox conditions within the system (Smedley &
Kinniburgh, 2002; Du Laing et al., 2009). In turn, the redox conditions within lacustrine
environments are controlled by basin morphometry, temperature, OM production and
decomposition, and microbial-mediated redox processes within the lake (or wetland) sediments
(Toevs et al., 2006). Climate change is impacting the biogeochemical environment in northern
latitudes by altering the hydrology of lakes and increasing the length of the ice-free season
(MacDonald et al., 2005; Spence et al., 2015). These changes taking place in lakes can cause an
increase in biological productivity and OM transport to aquatic environment (Hejzlar et al., 2003;
Mann et al., 2013). This may change the stability and mobility of metal(loids) (Hejzlar et al., 2003;
Mann et al., 2013).

2.4

Climate Change and Arsenic

Climate change has been shown to impact lake water quality by altering precipitation, temperature,
radiation, wind speed and direction (Williamson et al., 2009b). Alteration in precipitation, such as
with frequency and intensity, impacts surface water runoff and increases contaminant transport to
the lakes (Prowse et al., 2006; Horn et al., 2015). Climate change may also increase water
temperature, which in turn could lengthen the lake’s stratification period, increases the depth of
the thermocline, and decrease convective mixing within the lake (Kraemer et al., 2015, Ma et al.,
2015). In the case of Yellowknife Bay, warmer temperatures would increase the period of time the
bay is stratified and possibly also the stability of the stratification because of a larger temperature
gradient (Palmer et al., 2019). These changes to lake water temperature and stratification may also
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enhance the lake’s primary productivity (O’Beirne et al., 2017). For this reason, it is important to
understand if temperature alone will influence the As flux, before considering the effect an increase
in aquatic productivity will have on the As flux.

2.5

Site Background

Giant Mine was one of the largest gold mines in the Northwest Territories and produced about 7
million ounces of gold during its operations from 1948 to 2004 (Government of Canada, 2018;
Moir et al., 2006), and it was one of the longest continuous running gold mines in Canadian history
(Government of Canada, 2018). Over its course of production, Giant Mine was owned by different
companies. From 1948 to 1986 it was owned by The Giant Yellowknife Mines, Ltd., then from
1986 to 1990 it was owned by Pamour Inc., and from 1990 it was owned by Royal Oak Mines Inc.
until it went into receivership in 1999 and was transferred to the Government of Canada. After the
transfer, Giant Mine did not process their ore, but sold assets of Giant Mine to Miramar Giant
Mine Ltd., the owner of Con Mine at the time. Though Giant Mine stopped roasting ore in 1999,
the mine was still in operation and continued to mine ore until 2004. The ore was trucked to Con
Mine for processing (Royle & Hockley, 2007). Con Mine operated from 1938 to 2003 and was the
first gold mine to be developed in the Northwest Territories. Con Mine roasted ore from 1938 to
1970 and Giant Mine roasted ore from 1948 to 1999 and was one of the main sources of As
contamination within the area (Schuh et al., 2017). To retrieve the gold from the ore concentrate,
the ore had to be roasted so that gold would be susceptible to leaching by cyanide. When the ore
concentrate was roasted, it created SO2 emission and an As rich vapour (Bromstad et al., 2017).
When the gaseous As cooled it precipitated into As2O3 (Equation 2.1). The As2O3 precipitate fell
back to the ground, entering the environment in and around the mines.
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Equation 2.1: Chemical formula of As2O3 precipitate.

2FeAsS + 5O2 → Fe2O3 + As2O3 + 2SO2
Giant Mine released tailings into Yellowknife Bay on the north shore of the lake from 1948
to 1951 (Moir et al., 2006). Giant Mine’s untreated tailings were also discharged directly into
Yellowknife Bay via Baker Creek from 1948 to 1951 (Moir et al., 2006). The mine also released
untreated effluent via Baker Creek until around 1980, when a water treatment plant was built (Moir
et al., 2006). However, the treated effluent was still high in As concentration and continued to be
discharged into Yellowknife Bay from Baker Creek for the remainder of the mine operations (Moir
et al., 2006).

The Giant Mine gold processing was environmentally harmful and lead to the death of
residents and animals in the Yellowknife area (Western, 2021). It’s believed many members of the
Yellowknives Dene (Weledeh) community fell ill since their main water sources was collected
from nearby lakes and snow (Sandlos & Keeling 2012), and direct consumption of contaminated
water or food is the primary pathway for As to enter the body (WHO; 2017). Despite the
uncertainty in the amount of acute As poisoning cases, it was reported that several livestock
became ill and there was one confirmed case of a child dying from As poisoning (Western, 2021).

Over time the mine began placing mitigation barriers to decrease the level of As
contaminants from entering the environment. It has been estimated that more than 20,000 tons of
As2O3 has been released into the surrounding environment via aerial emission throughout Giant
Mine’s and Con Mines ore roasting operation (Sandlos & Keeling 2012; Wrye, 2008; Jameison,
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2014). This estimate does not include effluent or tailings contamination. This deposited As2O3 is
still found within the surrounding lake sediments and remains a legacy contamination issue despite
the end of the gold production in 2005. The buried legacy As can undergo dissolution, diffuse
through the lake sediments and enter the overlying water column by a series of biogeochemical
reactions.

For this thesis, two sites in the receiving environment of As contaminants were examined,
Yellowknife Bay and Lower Martin Lake. Yellowknife bay is the main waterbody that is
downstream and runs adjacent to the Giant Mine. Giant Mine discharged its effluent waste directly
into Yellowknife Bay via Baker Creek (Moir et al., 2006). Lower Martin Lake is close to the mine
and received aerial emissions from the mine (Van Den Berghe et al., 2018). The lake is also the
main water source for Baker Creek which drains through the mine property into Yellowknife Bay.

After the closure of Giant Mine, the As concentration within the surface water was
approximately < 5 μg/L in the northern end of Yellowknife Bay near Giant Mine (Chételat et al.,
2018). With a background concentration of < 1 μg/L, the As concentration in Yellowknife Bay
surface water is relatively low but still higher than the arsenic background concentration of the
area (Chételat et al., 2017). The As concentration within the sediments declined exponentially,
with an increase distance south of Giant Mine in Yellowknife Bay and is the greatest within 5 km
distance from the mine (Chételat et al., 2017). The lowest As concentration is found in the
sediments 25-30 km south from the mine, within the main body of Great Slave Lake (Chételat et
al., 2017). Despite an exponential decrease, contamination of the sediments has been found in the
main body of Great Slave Lake up to 25 to 30 km south of Giant Mine (Chételat et al., 2017).
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Great Slave Lake is situated south of the Yellowknife Greenstone Belt; therefore, it is
underlined by granitoid bedrock, and not by the Archaean metavolcanics rock founded at the Con
and Giant Mine mineral deposits (Moir et al., 2006). The small lakes of the area, such as Lower
Martin Lake, are leftover from the last 10,000 years of the Glacial Lake McConnel and the
ancestral lake of Great Slave Lake (Wolfe et al., 2014; Wolfe et al., 2015). The area is underlain
by granitic and basaltic bedrock and has a low As concentration estimated at ~ 2 μg/g within the
bedrock (Boyle, 1960; Hubbard et al., 2006). The As concentration found within the discontinuous
glacial-lacustrine till that overlay the granitic bedrocks have been measured from 8-50 μg/g (Kerr,
2006).

The Water Survey of Canada has been monitoring the discharge from Lower Martin Lake
since 1983 (Station number 07SB013) (Palmer et al, 2019). Lower Martin Lake has a general
outflow throughout the year, with a daily average discharge of less then 0.2 m3/s between the end
of September and the beginning of May (Palmer et al, 2019). Lower Martin Lake drains into Baker
Creek which in turns discharges into Yellowknife Bay. This hydrological connection is another
source of As being released from Lower Martin Lake sediments into its catchment and functions
as a source of As for Yellowknife Bay. At the sediment-water interface sediment cores have shown
a dissolved As concentration plateau, possibly caused by sediment bioturbation, or the yearly
freezing and thawing of the sediments (Van Den Berghe et al., 2018).

2.6

Fick’s First Law of Diffusion

The flux of metal(loid)s and nutrients is the one-dimensional flow between sediment and overlying
water. There are multiple ways to estimate the flux of As from sediments (Barrett et al., 2019;
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Johnston et al., 2020; Li et al., 2020). One method is to take regular water samples directly from
the lake at various times and measure the change in the flux directly in the lake. However, estimates
generated from this approach can be confounded by other inputs and outputs of As to and from the
lake. A laboratory method to estimate the flux can be carried out under controlled conditions by
measuring the flux using a diffusion chamber or experimental incubation, to estimate how As could
mobilize in a natural environment. This is done by regularly sampling surface water in incubated
sediments cores and measuring the As concentration and calculating how the mass of As has
changed over time. This method has been used in various studies such as Palmer et al. (2019) and
Johnston et al. (2020). Rarely, the diffusion chamber or experimental incubation method is coupled
with the theoretical estimate of flux calculated with Fick’s First Law of Diffusion, so that the
physical measured flux can be compared to the theoretical estimate. Studies on the transport
properties of nutrients and heavy metals often rely on Fick’s First Law of Diffusion to derive their
flux (Equation 2.2). Fick’s First Law of Diffusion is comparable to Ohm’s Law for electrical
conduction and to the Fourier theory of heat conduction (Tyrrell, 1964).

Equation 2.2: Fick’s first law of diffusion

𝐽𝑧 = − [

𝐷°
𝑑𝑐
×𝜑× ]
𝐹
𝑑𝑧

These parameters are all used in Fick’s First Law to estimate the diffusion of elements through the
sediment porewater into the overlying water column represented by the coefficient Jz, which is
measured in the mass per unit area per unit time such as (μg/m2/day) (Lyons, 2010). The diffusion
coefficient (D°) is the coefficient of diffusion of the porewater which is measured in cm2/s,
porosity (φ) of the lakes sediments is the void space between particles and is a unitless coefficient
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calculated by dividing the sediment bulk density by the average particle density and subtracting
the ratio from 1. A high porosity would have a value closer to 1, and a low porosity would be
closer to 0. The formation resistivity factor (F) is the ratio of resistivity of the porous sediment and
is the third root of the porosity, which is also unitless, the concentration gradient (dc/dz) is
calculated using the upper and lower concentration of the element of interest and the depth at which
they were measured, typically measured at the surface water interface and within the sediment
pores with units of µg/cm3/cm.

To effectively use Fick’s First Law for As diffusion it requires a series of assumptions. The
first assumption is that viscosity and the ion coupling charges are negligible. It is assumed that
within the sediment-water interface there is no solid phase consumption of dissolved As. The As
concentration gradients are linear with little to no physical and biological interference. It also
assumes that the change in concentration of the dissolved As is uniform through the surface water
interface. Also, that the sediment material is homogenous through out the lake’s sediments. These
assumptions are associated with the use of Fick’s First Law, however the predicted diffusion flux
calculated tends to produce conservatively low values (Azcue et al., 1994; Lavery et al., 2001).
For this study, the assumptions were not completely met. The sediments of Yellowknife Bay were
a slurry mix that can be considered homogenous, however the sediments of Lower Martin Lake
were a heterogenous composition rich in OM, so it does not meet the assumption of little to no
physical and biological interference and that the sediments are homogenous. However, despite
these assumptions not being fully met, the use of Fick’s First Law is still an appropriate method to
calculate an estimate of the predicted As flux of both lake sediments.
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3.1 Introduction
Arsenic is a naturally occurring metalloid however its non-organic form is considered toxic and is
a known carcinogen to humans and other organisms (Bissen & Frimmel, 2003). Arsenic is
mobilized within the environment through anthropogenic activities such as ore processing,
disposal of mine waste, fossil-fuel combustion, and pesticide application (Bowell et al., 2014).
Arsenic contamination is commonly released during mining and the roasting of orogenic gold ores
because these ores contain As-bearing S2- (Groves et al., 1998; Craw & Bowell, 2014). The
roasting and processing of As rich ores influence the mobility of As, as it generates mineralogical
changes, which can alter As mobility, bioaccessibility and toxicity (Smedley & Kinniburgh, 2002;
Walker et al., 2015), creating a dangerous contaminant once it enters the surrounding environment.

In Yellowknife, NWT, Canada, the aerial emission from roasting As-bearing ores at local
gold mines resulted in a large amount of As contamination in the surrounding environment and
within the local lake sediments, that are far above Canadian environmental guidelines for sediment
in order to protect fresh water aquatic life at 17 μg/g (Chételat et al. 2018; Galloway et al., 2018;
Schuh et al., 2018; Van Den Berghe et al., 2018, CCME 2021). Ore roasting took place at Giant
Mine from 1949 to 1999, to transform gold-bearing arsenopyrite into gold-bearing Fe oxides, so
that gold could be extracted via cyanide leaching (Walker et al., 2015). The roasting process
emitted As2O3 directly into the environment via a smokestack. Con Mine, another local gold mine
that operated from 1938 to 2003, roasted ore from 1938 to 1970 and was an additional source of
arsenic contamination within the area (Schuh et al., 2017). It has been estimated that ~ 20,000 tons
of As2O3 were released into the environment by Giant Mine between 1949 and 1958. In 1958 a
baghouse facility was constructed at Giant Mine to collect the As2O3 dust from the roaster
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emissions and direct atmospheric emissions were greatly reduced (Wrye, 2008). Tailings were
piled on the shore of Yellowknife Bay from 1948-1951 resulting in transport of As contaminants
directly into the Yellowknife Bay and Great Slave Lake. In addition, untreated effluent was
released into Baker Creek from the start of operations until the construction of a wastewater
treatment plant around 1980.

Arsenic contamination of water and sediments in the Yellowknife area was first studied by
Wageman et al., in 1978. Since then, many studies have been conducted to assess the controls
governing the distribution of As concentration within the area (Schuh et al., 2018; Palmer et al.,
2019, 2020; Van Den Berghe, 2018, Galloway et al., 2017; Bromstad et al., 2017; Andrade et al.,
2010), and the characterization of lake conditions that influence As mobility (Van Den Berghe,
2018). More recent studies have shown there is seasonal variation of As mobility from lake
sediments that is influenced by climate and hydrology (Palmer et al., 2019, 2020). Arsenic
contamination enters the overlying water by contaminated sediments (Andrade et al., 2010; Palmer
et al., 2019). Research conducted by Andrade et al. (2010), on the biogeochemical redox cycling
of As contaminated sediments in Yellowknife Bay determined that mine impacted lake sediments
in the Yellowknife area acts as both a source and sink for mobile As, depending on the seasonal
redox conditions. The study also showed that sediment pore waters in Yellowknife Bay act as a
significant source of dissolved As, as the porewater develops a concentration gradient promoting
the diffusion of As from the sediments into the overlying water (Andrade et al., 2010). Similarly,
Palmer et al. (2019) measured that the concentration of As was much greater in the surface water
of lakes near the mine, as sediments acted as a source of As to the water column, and the flux of
As mobility was seasonally dependent. Palmer et al. (2019) also noted that the mobility of As
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depends on the physical characteristics of the lake and biogeochemical processes within the lake,
and their study showed that lake depth acts as a control of As mobility because it affects dissolved
oxygen availability. Shallower lakes have shown a greater seasonal change because of their
physical and biogeochemical characteristics, such as more sunlight exposure to the sediments and
less stratification, compared to deeper lakes (Palmer et al., 2019). Palmer et al. (2021) show that
ice cover of subarctic lakes can influence the cycling of As. They determined that sediments were
a source of As to the overlying water during oxygen-depleted periods in the winter in years where
there is no water inflow to the lake. In winters when there was a hydrological connectivity, that
changed the As cycling, due to the new presence of dissolved oxygen in the water column, which
blocked the upward movement of a redoxcline into the overlying water column (Palmer et al.,
2021). Previous studies have suggested that one of the key factors in controlling the mobilization
of As is organic carbon (Barrett et al., 2019; Weber et al., 2010). Microbial decomposition of
organic carbon requires oxygen or other electron acceptors, which in turn can lead to a reducing
environment, allowing for As to mobilize from the sediments into the overlying water (Barrett et
al., 2019). Since temperature has been shown to impact the mobility of As from sediments under
reducing conditions (Barrett et al., 2019; Palmer et al., 2019; Li et al., 2020;), and temperature also
influences microbial activity (Ratkowsky et al., 1982; Weber et al., 2010; Barrett et al., 2019),
temperature is an important factor to study the influence on As mobility. Also, the presence of OM
has shown to influence As mobility since it competes with As for binding sites (Galloway et al.,
2018; Weber et al., 2010; Barrett et al., 2019), therefore the presence of OM is another important
factor to study in regards to As mobility.
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With warming temperatures in the subarctic brought on by climate change, it is of interest
to understand how temperature influences the mobility of legacy As contamination within lake
sediments of the Yellowknife area. For this thesis two lakes were selected that had varied sediment
composition. The sediments from Yellowknife Bay had a low OM content, and the sediments from
Lower Martin Lake were rich in OM. By testing the sediments of these two lakes the effect of
temperature on As diffusion was compared for lake sediments of different OM richness. The
objective of this study was to determine the impact of temperature on well-oxygenated sediments
from two lakes with different OM concentration. The hypothesis of this study was that warmer
temperatures would increase the rate of the As flux from the contaminated sediments into the
overlying water column, and the second hypothesis was that OM rich sediments from Lower
Martin Lake will have the larger increase in the rate As flux of the two sediment types.

3.2 Methods
3.2.1 Environmental Background and Study Site
Lake water and sediment were collected from two lakes contaminated by mining pollution at
Yellowknife, NWT, Canada. Lower Martin Lake and Yellowknife Bay on Great Slave Lake are in
the southern area of the Slave Geological Province of the Canadian Shield (Wolfe et al., 2017).
The climate of the area is continental subarctic, having long winters with the mean temperature in
January being -25.6 ℃, and short warm summers with the mean temperature in July being 17.0 ℃
(Environment Canada, 2018). Generally, the temperature remains below freezing from early
October to mid-to-late April (Environment Canada, 2018). A study conducted by Galloway et al.,
(2018) measured the As concentration in the lake sediments within the Yellowknife Area and
found the As concentration ranged from 5 µg/g to > 10,000 µg/g (median of 81.2 µg/g, n = 105).
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The regional background As concentration in the lake sediments of the Yellowknife area was
estimated to be approximately 25 µg/g (Galloway et al., 2015). Sediments from Yellowknife Bay
consisted of clay mineral material with low (< 10%) organic content and a mean As concentration
of 1700 µg/g, whereas sediments from Lower Martin Lake had high organic content (~ 70 %) and
a mean As concentration of 822 µg/g.

Great Slave Lake is the world’s ninth largest lake in surface area, with an area of 28,568
km2. The lake is a cold-water, oligotrophic lake (Rawson, 1951), and is covered in ice from
November to June (ECCC, 2018). Yellowknife Bay on the north arm of Great Slave Lake
(62.5102° N, 114.3189° W), has a surface area of 20 km2 and a maximum depth of 15 m at the
north end (where the sediment sampling was done). Metal(loids) such as As and antimony, as well
as copper, lead, manganese, mercury, silver, and zinc, from mining activities at Giant Mine were
deposited into the north end of Yellowknife Bay via Baker Creek (Chételat et al., 2017). The
greatest amount of As sediment contamination in Yellowknife Bay is found within 5 km of Giant
Mine, then begins to decline exponentially with increased distance south of the mine (Chételat et
al., 2017). Sediment cores retrieved from Yellowknife Bay have shown an increase in As
concentration dated at the start of the mine operations (Andrade et al., 2010). In 1978, the As
concentration of surface waters in Baker Creek which discharges directly into Yellowknife Bay
and is a source of As for Yellowknife Bay was 1500 to 20,400 μg/L (Moore et al., 1978). In a
recent study Chételat et al. (2018) determined the peak sediment concentrations of As in the
Yellowknife Bay was 741-4560 μg/g, which is approximately 180 times higher than the premining levels. At the north end of Yellowknife Bay where the sediment cores were collected, the
As concentration in the surface water (in the late summer) was measured at ~ 3 μg/L, which is
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estimated at three to five fold higher than the measured background, and As in the surface water
of Yellowknife Bay (in the late summer) was mainly inorganic As (Chételat et al. 2018).

Lower Martin Lake is a small lake with organic rich sediment, a maximum water depth of
2.9 m and an area of 1.21 km2 (62.512 °N, 114.421 °W) (Palmer et al., 2018). The depth of the
lake is relatively consistent throughout the small basin (Palmer et al., 2019). The lake is within 5
km of the decommissioned roaster of Giant Mine, and is a natural waterbody situated outside the
mine boundaries and northwest from the mine. Lower Martin Lake is a fish-bearing lake, however
since it is shallow the fish are only present throughout the open-water season, because the lake
goes anoxic during the winter, forcing the fish to either migrate or they die (Palmer et al., 2019).
Lower Martin Lake is within the Baker creek watershed, which has a drainage area of about 155
km2 (Palmer et al, 2019). The Lower Martin Lake discharges through the Baker Creek system and
flows through the Giant Mine property before finally flowing into the Yellowknife Bay of Great
Slave Lake (Palmer et al, 2019). The As contamination found within Lower Martin Lake is from
the aerial deposition of ore concentrate roasting occurring at Giant Mine (Van Den Berghe et al.,
2018). The sediment surface area to water volume ratio is 0.8, this large ratio enhances the impact
the benthic processes have on the lake water conditions (Palmer al., 2019). Lower Martin Lake
acts as a control on the legacy atmospheric mining pollutants flux entering Great Slave Lake since
Lower Martin Lake flows into Baker Creek, which then discharges into Yellowknife Bay
(Jamieson et al., 2017; Palmer et al., 2019). The surface water As concentration of Lower Martin
Lake was 54.3 μg/L (Van Den Berghe et al., 2018). In previous studies Lower Martin Lake
sediment cores showed a clear increase in As concentration beginning after approximately 1949
(Van Den Berghe et al., 2018).
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3.2.2 Sediment and Lake Water Collection
Duplicate sediment cores were collected using a gravity corer from Yellowknife Bay and Lower
Martin Lake at a water depth of ~ 8 m and ~ 2 m, respectively. The top 15 cm of the sediment was
extruded from the Yellowknife Bay cores and transported unfrozen as a mixed bulk sample. The
sediment cores from Lower Martin Lake were organic-rich, which allowed the cores to be frozen
upright on the day of collection with minimal effect on the layering. Because of the high OM
content, the cores maintained a relatively intact sediment profile after freezing. In contrast, the
high clay and low OM content of the Yellowknife Bay sediment did not allow for freezing because
previous attempts showed freezing excessively altered sediment characteristics. Surface water
from the lakes was also collected following filtration with a high capacity 0.45-micron filter, acidwashed Teflon tubing and a peristaltic pump. Filtered lake water was stored at 4 °C in acid-washed
1-4 L HDPE bottles. The surface water was collected to be used in the incubation experiment and
for further analysis.

3.2.3 Core Preparation
The cores and water were shipped to Ottawa to carry out the laboratory experiment. The frozen
Lower Martin Lake cores were thawed and left intact in the original core tubes used for their
collection. In contrast, mixed sediment from the top 15 cm of the Yellowknife Bay cores was
added to the bottom 10 cm of two new core tubes. Sediment from the four field collected cores
were incubated in plastic core tubes 8.6 cm in diameter with filtered lake water added over top
(initially ~600 mL).
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These sediments were placed in a temperature-controlled growth chamber. The growth
chamber’s lights were illuminated for 16 hours a day to mimic diurnal light exposure for the Lower
Martin Lake sediment, which receives natural light under in situ conditions due to the lake’s
shallow depth. The lights recreated a natural diurnal light cycle that would occur in the respected
lakes natural environment. Black plastic was used to entirely cover the Yellowknife Bay sediment
(to mimic offshore deep-water conditions) and partially covered the Lower Martin Lake cores to
prevent illumination of sub-surface sediment (Figure 3.1). Oxygen bubblers were placed in each
core to pump oxygen into the cores and allow for aeration and mixing of the water, which is
representative of the naturally oxygenated conditions in the study lakes. The bubbler flow
remained at a constant rate throughout the experiment and was sufficiently above the sediment
surface to avoid disturbance to the sediments. A porewater port was drilled into the sediment cores,
at ~ 1 cm below the sediment-water interface and sealed so that porewater samples could be
extracted using a syringe. These cores were then incubated in a growth chamber at 5 ℃ for a 2week period to allow the sediments and overlying water to equilibrate. After the 2-week
equilibration period, the overlying water from the cores was gently removed using a large syringe
and replaced with 1.5 L of fresh filtered lake water that was collected during fieldwork. The water
was extracted and replaced slowly to avoid disturbing the top layer of the sediment as much as
possible. The cores were then given a 48-hour period to allow any disturbed sediment to settle at
5 ℃.
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Figure 3.1: Incubated sediment cores from Yellowknife Bay of Great Slave Lake and Lower
Martin Lake. Note the opaque plastic bags covering the sediments within each core to prevent algal
growth except at the surface of the Lower Martin Lake sediment. Also, note the cap of each core
with the wiring and drilled ports for the sensors for continuous measurement of temperature, pH
and redox potential, and piping for an oxygen bubbler.

3.2.4 Experimental Design
The experiment took place over a 30-day period and had 4 consecutive temperature treatments of
approximately 5, 10, 15 and 20 degrees Celsius, varying by + 2 ℃ due to the heat emitted from
lights in the growth chamber (Table 3.1). Each treatment was approximately one week in length
with 3 to 5 sampling days. Surface water was sampled multiple times throughout each treatment
for As, iron (Fe) and manganese (Mn) concentration. Porewater As, Fe and Mn (Lower Martin
Lake sediments only), and surface water for dissolved nitrogen (DN), DOC, and sulphate (SO42-)
were sampled at the beginning and the end of each temperature treatment. Surface water was
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collected at the beginning and end of the experiment for analysis of a suite of 25 elements by ICPMS for background water chemistry (data provided in Appendix). In addition, general water
quality variables (hardness, alkalinity, fluoride, chloride, magnesium, sodium, and potassium)
were measured in the stock surface water added to the cores and in the surface waters at the end
of the experiment (data and methods provided in the Appendix). For sampling at the end of the
third temperature treatment of 15 ℃, the temperature of the growth chamber was raised to 20 ℃ a
day before the porewater, DN, DOC and SO42- water samples were collected. Those results were
still used and assumed to be representative of measurements for the end conditions of 15 ℃
temperature treatment. Sediment samples were collected from each core at the end of the
incubation experiment for analysis.

Table 3.1: Experimental sampling schedule for surface water and porewater collection.
Temperature Average
Treatment
Realized
Surface Water
Temperature As, Mn and Fe
Treatment 1
at 5 ℃
Treatment 2
at 10 ℃
Treatment 3
at 15 ℃
Treatment 4
at 20 ℃

7 ℃

0, 1, 2, 4, 7

Sampling Day
Surface
Surface
Water DN
Water SO42and DOC
0, 7
0, 7

12℃

8, 9, 11, 15

15

15

15

16℃

16, 17, 21

22

22

22

21℃

22, 23, 24, 28,
29

29

29

29

Porewater
As, Mn and
Fe
0, 7

3.2.5 Surface Water Measurements
The sensors used for temperature, pH and oxidation-reduction potential (ORP) were calibrated and
connected to a laptop for continuous readings at 30-minute intervals using the 8-Channel
Monitor/Data Logger (MM-PIT-8S) (EA Instruments Ltd., United Kingdom). The sensors used to
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measure pH, temperature and ORP were also from ElectroAnalytical (EA Instruments Ltd., United
Kingdom). The pH electrode (EAI pH2011) was calibrated at the start of the experiment using
standard solutions of pH 4, 7 and 10. The teflon coated temperature sensor (EAI TS-NTC) had
measurement range from 0.0 to 100.0 ℃ (NTC Thermistor, Siemens/Matsushita B57863-S104F9). The ORP electrode used was the ORP-31 C sensor that was calibrated at the start of the
experiment using Zobell standard solution. Port holes were drilled into the cap of each core tube
so that acid washed rhizons (product ID: 19.21.05, Rhizosphere, Netherlands) could be placed
through the port to extract surface water samples via acid washed syringe without disturbing the
underlying sediments. The rhizon sampler essentially acted as a 5 cm long cylindrical filter (0.2
µm) and allowed for a more integrated sampling of the water column than with a syringe alone.
Syringes washed in a 2 % nitric acid (HNO3) bath for a 48-hours, then triple rinsed with ultra pure
water and air dried over night. Rhizons were triple rinsed with 10 ml of 2 % HNO3 followed by a
triple rinse of ultra pure water.

Arsenic, Mn and Fe were measured in surface water samples to measure the metal(loid)
efflux into the overlying water column of each core with each temperature treatment. Water
samples of 5 mL were collected using rhizons, placed in 15 mL trace metal vials, preserved with
2 % HNO3, and stored in a refrigerator until analysis. Dissolved nitrogen and DOC were measured
for indicators of OM breakdown and microbial activity. Water samples of 10 mL were placed in
20 mL glass vials that were pre-washed with 2 % HNO3 and combusted in a muffle oven at 425
°C for 2 hours. The samples were stored with no preservatives in a refrigerator until analysis.
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Samples extracted for SO42- concentration were measured to assess oxidation of sediment
S2-. For the SO42- water samples, 2 mL of overlying water was stored in 15 mL trace metal vials,
preserved with 2 % zinc acetate, and stored in a freezer until analysis.

3.2.6 Porewater Sampling
Porewater samples were collected for analysis of As, Mn, and Fe concentration, and to assess the
changes in porewater concentrations with temperature treatments. Due to the fine particle sizes of
the Yellowknife Bay sediments, the syringes clogged, making porewater sampling impossible.
Hence, porewater samples were only obtained from the two Lower Martin Lake cores. To preserve
the porewater samples as quickly as possible, 2 % HNO3 was added prior to sampling directly to
the syringe that was used to extract the porewater. A 0.45 µm filter was added onto the syringe to
prevent sediments from entering the porewater sample. Each 3 mL sample of porewater was stored
in a 15 mL trace metal vial in a refrigerator until analysis.

3.2.7 Sediment Sampling
Once the experiment was completed, the sediments were collected from each core to analyze for
bulk concentrations of 36 different metal(loid)s at Bureau Veritas (Vancouver, British Columbia,
Canada). The cores were sliced using a UWITEC sediment extruder. Because the high OM content
of sediments and low mass of material available from Lower Martin Lake, the top 3 cm of each
core was collected to obtain sufficient material for analysis. The two Yellowknife Bay cores were
sliced in intervals (the top 1 cm of sediment was collected as one sample, followed by 0.5 cm
intervals of sediment slices to 5 cm depth).
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The sediment analysis had 3 blanks and a duplicate of one of the cores and there an analysis
of certified reference materials to estimate recovery of those elements. Of the 3 blanks all 3 were
below the method detection limit (MDL) 1 μg/g of Mn, 0.01 % of Fe, and 0.02 % of S. In the
blanks, 1 of the blanks had an As concentration above 0.1 μg/g at 0.2 μg/g. Certified reference
materials were used to estimate recovery. In the six standard reference material samples analyzed
the average Mn and As concentration measured was 721.50 ± 237.32 μg/g, and 51.87 ± 32.79 μg/g,
and the average Fe and S concentration measured was 3.24 ± 0.22 % and 0.32 ± 0.16 %. Of the
six reference materials three of the samples were of the STD OREAS262 certified concentration
material (OREAS, 2019). The percent recovery of Mn, Fe, As, and S ranged from 92 - 100 % for
the STD OREAS262 samples. Two PACS Marine Sediment Reference Materials for Trace Metals
and other constituents made by National Research Council of Canada, were analyzed as a QA/QC
(Evisa, 2003). The two PACS had an average concentration of Mn and As of 243.5 ± 4.95 μg/g
and 23.7 ± 0.28 μg/g, and the concentration of Fe and S were measured at 3.03 ± 0.06 % and 1.23
± 0.03 %. The two PACS-2 had a recovery percentage for Mn, Fe, As, and S at 55 %, 74 %, 90 %
and 95 %. Mn and Fe had a low recovery compared to the PACS-2 certified values of 44 μg/g and
4.09 g/100g, because only partial digestion was used for the analysis. Therefore, the recovery from
the certified reference material for Mn and Fe is still satisfactory.

3.2.8 Chemical Analysis
Arsenic, Mn and Fe concentrations in water were measured by inductively coupled plasma mass
spectrometry (ICP-MS) according to EPA method 200.8 at Taiga Laboratories (Yellowknife,
Northwest Territories, Canada). Field blanks, travel blanks and field duplications were collected
for quality assurance and quality controls (QA/QC) measures during the experiment. For the
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surface water sampling, a total of 21 QA/QC samples were taken: 8 field blanks, 6 travel blanks
and 7 field duplicates. The average relative standard deviation (RSD) between duplicate samples
for As, Mn and Fe were 1.5 ± 1 %, 8 ± 17 %, and 6 ± 9 %. Of the 8 field blanks, each one was
below the MDL for As and Fe of 0.2 and 5.0 μg/L, but 6 of the 8 field blanks measured a Mn
concentration just above the MDL of 0.2 μg/L, the average Mn concentration in the field blanks
were 0.2 ± 0.1 μg/L.

Water was analyzed for DOC and DN at RPC Laboratories (Fredericton, New Brunswick,
Canada) according to APHA 5310 B, with a principal method of combustion and
chemiluminescence by non-dispersive infrared (NDIR) detection. A total of 2 field blanks, 2 travel
blanks and 3 duplicates were analyzed for both DN and DOC. There was contamination found in
the field blanks for both DN (mean = 0.45 mg/L, range = 0.3-0.65 mg/L) and DOC (mean = 1.9
mg/L, range = 1.5-2.3 mg), possibly due to the carbon-based filter of the Rhizon sampler. Sample
results for DN and DOC were therefore corrected by subtracting the average concentrations in the
field blanks. The average RSD of the duplicate samples was 9 ± 9 % for DN and 7 ± 3 % for DOC.

Sulphate was analyzed by ion chromatography on a Dionex instrument at the Geochemistry
Laboratory (Department of Earth and Environmental Sciences, University of Ottawa, Ottawa, ON,
Canada). The average RSD for SO42- for duplicate samples was 0.5 ± 0.6 %. Each core was
sampled for SO42- 5 times, with core 1 having a duplicate done on day 0 and core 2 having a
duplicate done on day 22. Both field blanks collected on day 7 and 15 were below the MDL of
0.07 mg/L.
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3.2.9 Data Analysis of Flux
The fluxes of As, Fe, Mn for each temperature treatment were calculated for each core using the
surface water masses of each element on the initial and final day of each temperature treatment
(Equation 3.1). The mass of each metal(loid) was calculated using the measured concentration of
each metal(loid) in μg/L in the surface water samples multiplied by the estimated volume of the
water column measured in liters. The mass of the metal(loid) of interest measured in μg on the
final day of the temperature treatment was subtracted by the mass in μg measured on the first day
of the temperature treatment, then divided by the duration of the treatment (days). Finally, to be
divided by the area of the sediment surface (0.00581 m2). Regression analysis was used to examine
the influence of temperature on the metal(loid) flux.

𝑚2

Equation 3.1: Flux equation (𝜇g/𝑑𝑎𝑦).
𝑚2

(𝐹𝑖𝑛𝑎𝑙 𝑀𝑎𝑠𝑠 (𝜇𝑔)−𝐼𝑛𝑖𝑡𝑖𝑎𝑙 𝑀𝑎𝑠𝑠(𝜇𝑔))

𝐹𝑙𝑢𝑥 (𝜇g/𝑑𝑎𝑦) = [(𝐹𝑖𝑛𝑎𝑙 𝐷𝑎𝑦 𝑜𝑓 𝑇𝑒𝑚𝑝𝑟𝑎𝑡𝑢𝑟𝑒 𝑇𝑟𝑒𝑎𝑡𝑚𝑒𝑛𝑡

− 𝐼𝑛𝑖𝑡𝑖𝑎𝑙 𝐷𝑎𝑦 𝑜𝑓 𝑇𝑒𝑚𝑝𝑒𝑟𝑎𝑡𝑢𝑟𝑒 𝑇𝑟𝑒𝑎𝑡𝑚𝑒𝑛𝑡)

]×

(𝑆𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝑆𝑢𝑟𝑓𝑎𝑐𝑒 𝐴𝑟𝑒𝑎 𝑚2 )−1

3.2.10 Data Analysis using Fick’s First Law
Theoretical estimates of temperature effects on As flux were calculated for Lower Martin Lake
using porewater As concentrations and Fick’s First Law (Equation 3.2). Fick’s First Law relates
element flux to the diffusion coefficient of the sediment, the formation resistivity factor, the
porosity of the sediments and the measured concentration gradient.
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Equation 3.2: Fick's first law equation.
𝐷°
𝑑𝑐
)
𝐽𝑧 = − ( × 𝜑 ×
𝐹
𝑑𝑧

The diffusion coefficient (𝐷° ) is dependent on the viscosity of the water at the ambient temperature
(Tanaka et al., 2013; Andrade et al., 2010). The ambient temperatures were set to mean
temperature, in degrees Celsius, for each temperature treatment, represented by the coefficient T°.
At 25 ℃, the diffusion coefficient of arsenate is 8.75× 10−6 cm2/s with a viscosity of 1.42 mPa/s
(Tanaka et al., 2013). The standard viscosity coefficient (V°) of water at 25 ℃ was used to
interpolate the viscosity coefficient for each ambient temperature in Equation 3.3. These viscosity
coefficients are then used to calculate the diffusion coefficient for each ambient temperature
(Equation 3.4).

Equation 3.3: Water viscosity coefficient (mPa/s) at given temperature (℃).
247.8
((
)−140)
2.414
𝑇° +273.15 °𝐾
)
𝑉° = 1000 × (
×
10
105

Equation 3.4: Diffusion coefficient equation.
𝐷° 𝑎𝑡 25 ℃ × 𝑉𝑖𝑠𝑐𝑜𝑠𝑖𝑡𝑦 𝑎𝑡 25 ℃
× (𝑇° + 273.15 °𝐾)]
25 ℃ + 273.15 °𝐾
𝐷𝑖𝑓𝑓𝑢𝑠𝑖𝑜𝑛 (𝐷°) =
𝑉𝑖𝑠𝑐𝑜𝑠𝑖𝑡𝑦 𝑎𝑡 𝑇°
[

The Porosity coefficient (φ) is unitless and requires the sediment bulk density and the average
particle density of Lower Martin Lake (Equation 3.5). The average particle density of Lower
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Martin Lake sediment was 0.8 g/cm3. The sediment bulk density was based on the average
densities of two 0-3 cm surface samples from Lower Martin Lake. The calculated average bulk
density for Lower Martin Lake was calculated to be 0.01 g/cm3. The bulk density is low because
sediment of Lower Martin Lake is rich in OM and benthic algae. Using Equation 5, the porosity
(φ) was calculated to be 0.98.

Equation 3.5: Porosity equation.
𝑆𝑒𝑑𝑖𝑚𝑒𝑛𝑡 𝐵𝑢𝑙𝑘 𝐷𝑒𝑛𝑠𝑖𝑡𝑦
)
𝜑 =1−(
𝐴𝑣𝑒𝑟𝑎𝑔𝑒 𝑃𝑎𝑟𝑡𝑖𝑐𝑙𝑒 𝐷𝑒𝑛𝑠𝑖𝑡𝑦

The Formation coefficient (F) is unitless and calculated using Equation 3.6. Equation 3.6 is used
for organic rich sediments such as Lower Martin Lake and if φ > 0.7. Given these assumptions,
the Formation coefficient was calculated as F= 1.04.

Equation 3.6: Formation equation.
𝐹 = 𝜑 −3

The average porewater and surface water concentrations from measurements on Day 0 and Day 7
(Table 3 in section 3.4.3) were used to calculate the concentration gradients (dc/dz) for each
Lower Martin Lake sediment core and to calculate the theoretical effects of the temperature
treatment on As flux (Equation 3.7). The distance of the gradient was 1 cm. The final
concentration gradient for core 1 and core 2 was calculated as -0.0521 μg/cm3/cm and -0.0027
μg/cm3/cm.
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Equation 3.7: Concentration gradient equation 𝜇𝑔/cm4.

𝑑𝑐
(𝜇𝑔/𝑐𝑚4 ) =
𝑑𝑧

𝐿𝑜𝑤𝑒𝑟 𝑊𝑎𝑡𝑒𝑟 [𝐴𝑠]( 𝜇𝑔/𝐿) − 𝑈𝑝𝑝𝑒𝑟 𝑊𝑎𝑡𝑒𝑟 [𝐴𝑠](𝜇𝑔/𝐿)
𝑑𝑖𝑠𝑡𝑎𝑛𝑐𝑒 𝑜𝑓 𝑔𝑟𝑎𝑑𝑖𝑒𝑛𝑡 (𝑐𝑚)
1000 𝑐𝑚3 /𝐿

Once the Diffusion (D°), Porosity (φ), Formation (F) coefficients and the Concentration Gradient
(dc/dz) were calculated, the predicted arsenic flux was calculated for each core with Equation 3.2
with a final unit of μg/cm2 which was then converted to be reported as g/m2/day. The predicted
flux calculated for core 1 and core 2 were then plotted against observed results for each temperature
treatment.

3.3 Results
3.3.1 Sediment Sampling
The As concentration within the Lower Martin Lake sediment cores from 0-3 cm had an average
concentration of 821.8 μg/g ± 23.1 μg/g. The average Mn concentration was 177 ± 37 μg/g. The
average Fe concentration was 0.97 ± 4.37 %. The concentration of S was 1.39 ± 0.04 % (Figure
3.2). The As concentrations in the Yellowknife Bay cores were high at a depth of 1 cm and
decreased with depth. The average As concentration within the 5 cm sediment depth was 1674.26
± 14.75 μg/g. Similarly, Mn and Fe had a higher concentration at the 1 cm depth of the sediment
and decreased with depth, however Fe began to increase close to the surface concentration at the
5 cm depth. The average Mn the concentration was 722.4 ± 36.93 μg/g, and for Fe the average
concentration was 4.01 ± 0.05 %. Sulphur was different then the other analytes as its lowest
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concentration was at a 1 cm depth and gradually increased with depth. The average concentration
of S was 0.2 ± 0.01%.

Figure 3.2: Sediment profile of the Yellowknife Bay cores from 1 to 5 cm depth. A duplicate of
sediment of core 3 from 1-1.5cm had an average RSD for Mn, Fe, As, and S below < 1 %.

3.3.2 Surface Water Chemistry
Arsenic concentrations in the overlying water were 34-58 µg/L in the Lower Martin Lake cores
and 23-24 µg/L in the Yellowknife Bay cores at the beginning of the experiment. The water As
concentrations in all sediment incubations increased throughout the experiment, with
approximately a two-fold increase in overlying water of the Lower Martin Lake cores and a threeto-four-fold increase in the Yellowknife Bay cores (Figure 3.3). One of the cores in Lower Martin
Lake showed a greater increase than the other, while the cores of Yellowknife Bay showed almost
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identical increasing trends. The Fe concentrations in both sets of sediment cores remained
relatively stable throughout the experiment with only slight fluctuations. The Mn concentration in
Lower Martin Lake remained low and stable, where as the Mn in Yellowknife Bay had an overall
decrease, especially in core 3 which showed a large range of 212 to 2.2 μg/L.

Sulphate in the Lower Martin Lake cores remained low and changed little throughout the
experiment, while in Yellowknife Bay cores SO42- concentration increased linearly throughout the
experiment from 17.04 to 84.68 μg/L (Figure 3.4). Dissolved nitrogen (DN) increased slightly in
the Lower Martin Lake cores, whereas there was negligible change in the Yellowknife Bay cores.
Dissolved organic carbon remained high and steady in the Lower Martin Lake cores (~15 mg/L)
and in one of the Yellowknife Bay cores slightly increased halfway through the experiment. The
ORP indicated oxidizing conditions in the water column of all cores throughout the experiment.
The ORP increased continuously in the Lower Martin Lake cores during the experiment, and in
the Yellowknife Bay cores the ORP decreased at the beginning of the experiment and remained
low for the remainder of the experiment.
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Figure 3.3: Metal(loid) concentration of As, Fe, and Mn in overlying surface water, within the
Lower Martin Lake and Yellowknife Bay cores, throughout the 30-day experiment. Concentration
is measured in μg/L. Each Grey line represents a new temperature treatment. The RSD of As, Fe,
and Mn for all the duplicates were on average less than 8 %.
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Figure 3.4: The concentration of SO42-, DN and DOC and ORP of overlying surface water within
the Lower Martin Lake and Yellowknife Bay cores, throughout the 30-day experiment. Each grey
line represents a new temperature treatment. The RSDs for SO42-, DN, and DOC duplicates were
< 1%.
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Table 3.2: Chemical characteristics of overlying water during the sediment incubation experiment.
Metal(loid)
As (𝜇𝑔/𝐿)
Fe (𝜇𝑔/𝐿)
Mn (𝜇𝑔/𝐿)
Lower
SO42- (𝑚g/ 𝐿)
Martin
Lake cores
DN (𝑚𝑔/𝐿)
DOC (𝑚𝑔/𝐿)
ORP (𝑚𝑉)
As (𝜇𝑔/𝐿)
Fe (𝜇𝑔/𝐿)
Mn (𝜇𝑔/𝐿)
Yellowknife
SO42- (𝑚g/ 𝐿)
Bay cores
DN (𝑚𝑔/𝐿)
DOC (𝑚𝑔/𝐿)
ORP (𝑚𝑉)

Mean
61.6
25.6
1.5
4.2
3.5
14.5
225
56.6
6.0
73.4
47.6
0.6
6.5
183

Standard
Deviation (±)
25.3
9.4
1.0
0.8
1.2
1.1
107
18.6
5.2
74.3
23.1
0.4
2.2
21

Range
33.9-112.0
10.0-43.0
0.2-4.1
3.2-6.0
2.1-6.2
12.8-16.0
98-426
22.6-89 .0
5.0-35.0
2.2-212.0
17.0-84.7
0.2-1.4
3.8-10.5
171-290

3.3.3 Surface Water Metal(loid) Fluxes
The metal(loid) flux results were different then what was predicted based on previous studies
(Andrade et al., 2010; Weber et al., 2010; Van Den Berghe et al., 2017; Schuh et al., 2019; Palmer
et al., 2019; Barrett et al., 2019; Johnston et al., 2020; Li et al., 2020). Duplicate measurements of
metal(loid) fluxes from sediments of Lower Martin Lake and Yellowknife Bay showed little
variation among temperature treatments (Figure 3.5; Table 3.3). The As fluxes to overlying water
from organic rich sediments in the Lower Martin Lake cores did not change with temperature,
while the fluxes from OM poor sediments of Yellowknife Bay were the highest at the start of the
experiment (with the coldest temperature treatment) then decreased in warmer temperature
treatments. The aqueous diffusion rate of Fe in the Lower Martin Lake cores decreased over the
experiment remaining in a negative flux almost approaching a zero flux and continuously settled
out during the experiment, while there was no Fe flux in the Yellowknife Bay cores. The Mn flux
did not change with increasing temperature in both the Lower Martin Lake and Yellowknife Bay
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cores. However, there was a negative flux(settling out), or no flux, of Fe and Mn in all the cores
across the temperature treatments over time.

Figure 3.5: Metal(loid) fluxes between overlying water and sediment from Lower Martin Lake
and Yellowknife Bay incubated at different temperatures. There are two points for each
temperature treatment as they represent the calculated flux within duplicate lake cores at the
respected temperature treatment.

Table 3.3: Metal(loid) flux estimates (μg/m2/day) from Yellowknife Bay and Lower Martin Lake
sediments, averaged across temperature treatments.

Metal(loid)
As
Fe
Mn

Lower Martin Lake
Range
Mean (± 𝑺𝒕𝒂𝒏𝒅𝒂𝒓𝒅
𝑫𝒆𝒗𝒊𝒂𝒕𝒊𝒐𝒏)
48 to 387
159 ± 122
-657 to 261
-178 ± 270
-139 to -10
-46 ± 44

Yellowknife Bay
Range
Mean (± 𝑺𝒕𝒂𝒏𝒅𝒂𝒓𝒅
𝑫𝒆𝒗𝒊𝒂𝒕𝒊𝒐𝒏)
164 to 956
392 ± 284
-4 to -2
-3 ± 1
-2359 to 1247
-717 ± 1143
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3.3.4 Theoretical Estimates of Temperature Influence on Arsenic Flux from Lower
Martin Lake Sediment
The average porewater As concentration for all sampling dates were core 1 was 104.6 ± 13.9 μg/L
and in core 2 was 44.4 ± 9.6 μg/L. The average Fe concentration for all sampling dates in core 1
was 45.6 ± 24.8 μg/L and in core 2 was 513.0 ± 244.8 μg/L. The average porewater for all
sampling dates concentration of Mn in core 1 was 15.2 ± 19.2 μg/L and in core 2 was 226.0 ±
81.1 μg/L. There was a high Fe and Mn concentration in core 2, but not in core 1. This suggests
that there were reducing conditions at a depth of 1cm below the SWI in core 2 but not in core 1.

To calculate the theoretical flux of As in the Lower Martin Lake cores, the concentration
gradient of As was used. The average porewater concentration of As in core 1 and core 2 on days
0 and 7 were 112.5 and 37.4 μg/L, and the average surface water As concentration on day 0 and 7
were 60.4 and 34.7 μg/L. Using Fick’s law, the theoretical estimates of temperature effects on the
As flux of Lower Martin Lake were calculated at the mean temperature for each treatment, 7, 12,
16 and 21 degrees Celsius. This calculation did not account for temperature influences on
biogeochemical reactions. As seen in Figure 3.6, the theoretical arsenic diffusion rate predicted
by Fick’s Law increased positively with warmer temperature. The Fick’s Law estimates for As
flux increased by a factor of 1.6 times between 7 and 21 ℃ for both cores. The observed As fluxes
in the Lower Martin Lake cores did not increase with temperature but were scattered near to the
theoretical flux predictions. The mean predicted flux for core 1 was 277 ± 49 μg/m2/day with a
range of 221 to 335 μg/m2/day and the observed mean flux was 231 ± 134 μg/m2/day with a range
of 61 to 387 μg/m2/day. The mean predicted flux in core 2 was 14 ± 3 μg/m2/day with a range of
11 to 17 μg/m2/day and the observed mean flux was 87 ± 56 μg/m2/day with a range of 48 to
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168 μg/m2/day. Since the As concentration gradient between sediment porewater and overlying
water in Core 2 was lower than in Core 1, the theoretical temperature effect was lower.

Figure 3.6: Predicted arsenic flux of the Lower Martin Lake cores calculated using Fick’s Law,
versus the measured As flux in those cores. The flux is measured in 𝜇g/m2/day and temperature is
measured in degrees Celsius.

3.4 Discussion
3.4.1 Temperatures Influence on Arsenic Flux
Despite an increase in As concentration in the overlying water throughout the experiment, there
was no detected influence of temperature on the As flux for the two different types of sediment
from the two contaminated lakes (Figure 3.3 & 3.5). Yellowknife Bay had a higher sediment As
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concentrations of 1674.3 μg/g, compared to Lower Martin Lake As concentration of 821.8 μg/g,
which can explain the higher fluxes seen in the Yellowknife Bay cores (Figure 3.3 & 3.5). It is
possible there was a small temperature effect that was not detected due to measurement error;
however, the predicted theoretical effect was small (Figure 3.6). These results suggest that
temperature alone (over the range tested in this experiment) had little to no affect on the As flux
for both lake sediments. By controlling redox conditions over overlying water and preventing
temperature-driven microbial oxygen depletion in the sediment surface layer at warmer
temperatures, the experimental results indicate that temperature effects on As sediment flux, which
have been reported in previous studies (Andrade et al., 2010; Barrett et al., 2019; Johnston et al.,
2020; Li et al., 2020; Schuh et al., 2019), are likely due to indirect effects on redox conditions.

It has been shown in previous studies that near-surface Fe(oxy)hydroxides absorb a
considerable amount of As (3-4 wt %) (Schuh et al., 2018; Van Den Berghe et al., 2018). Multiple
laboratory-based studies have shown that As mobility in saturated soils and sediments under
reducing conditions is temperature dependent, as there was an increase in reduction of As(V)
(Bonte et al., 2013; Lüders et al., 2020; Simmler et al., 2017; Weber et al., 2010). Also, the
reduction of Fe(III) oxide minerals is temperature dependent (Meier et al., 2005; Pallud et al.,
2020; Schilling et al., 2019), and increasing temperature in reducing environments will impact any
As bound to Fe(III) oxides (Johnston et al., 2020). In typical seasonal anoxic conditions, the As in
the surface water would increase during late-winter, because of the seasonal desorption/dissolution
from the Fe(oxy)hydroxides, this layer would remove the oxic boundary in the near surface
sediments (Palmer et al., 2019). This is relevant to a temperature effect as it demonstrates that even
at a low temperature the removal of this oxic barrier and the development of a reducing condition
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will allow for a release of As into the overhead water column. In this experiment the As flux did
not increase with the increasing temperature, because unlike previous studies the sediment surface
layer likely remained in a oxic state throughout the experiment (Figure 3.5). Other studies have
shown that the aerobic zone in the near-surface sediment can function as a barrier layer to As
diffusion across the sediment-water interface (Andrade et al., 2010; Bennett et al., 2012; Martin &
Pedersen, 2004). This aerobic barrier layer could be the cause of the lack of an increase in As flux
at warmer temperatures (Figure 3.5).

Previous studies have shown that an increase in As, Fe, and Mn concentration within
surface water occurs with the onset of anoxia, influencing an increase in sediment efflux (Palmer
et al., 2019). There was likely no dissolution of Fe and Mn oxyhydroxides, as these metals showed
either little to no change in overlying water, or a negative flux indicating a settling out with
increasing temperature (Figure 3.3 & 3.5). The concentration in surface water from regional lakes
that had higher OM had a higher internal loading of As from lake sediments (Palmer et al., 2018).
Sediments rich in OM will influence the location of the Fe(III) redoxcline boundary within the
lake sediment due to there being a high oxygen demand and microbial respiration within the
sediments (Palmer et al., 2018). The As flux can also increase if the aerobic layer that is located
within the sediments near the sediment-water interface was too thin. When this layer thins, As will
begin to move upward as it desorbs from the Fe oxy(hydroxides), creating a As sediment flux
(Martin & Pedersen, 2004). Organic matter building up promotes reducing conditions, allowing
SO²⁻₄ to be reduced, and leading to a higher mobility in As in sediment porewaters caused by the
precipitation of As2S3 (Johnston et al., 2020). Sulphate reduction is a sign of reducing conditions
(Johnston et al., 2011).
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Typically, as temperature increases so does the microbial respiration, resulting in a
decreased sediment oxic layer, and leading to the reductive dissolution of Fe-oxyhydroxides,
which allows for an increase in As concentration from an increase in As flux from the sediment
into the overlying surface water due to a release of bound As (Barret et al., 2019). An increase in
temperature and nutrient input promotes algal growth, this algal growth leads to a larger amount
of organic carbon to enter the lake sediments (Barrett et al., 2019). This organic carbon fuels
microbial metabolism allowing a release in As and a reduction of Fe; a reduction of Fe leads to the
desorption of As from solid surfaces, leading to a release in As (Barrett et al., 2019). Once
phytoplankton that took up As die and sink into the lakes sedimented, or are eaten by zooplankton,
the As is returned to the sediment layer, therefore in shallow lakes As fluxes are correlated with
As sedimentation rates (Barrett, et al., 2019). However, the DN and DOC concentration did not
increase with temperature, suggesting there was no increase in microbial activity within these
sediment cores. This is interesting because Lower Martin Lake sediments were partly composed
of benthic algae, which would have been photosynthesizing, creating dissolved oxygen as a byproduct. This could be a possible explanation for the increase in ORP in Lower Martin Lake over
the course of the experiment (Figure 3.4).

Although inorganic As speciation was not measured in this study, a study conducted by
Weber et al., (2010) acknowledged that As speciation is important and As(V) has greater
adsorption potential. In their study they monitored the formation of Fe(II) and As(III) within the
porewater of contaminated floodplains. They incubated air-dried soil samples in synthetic river
water for periods between 1 and 52 days with increasing temperature and underwent three different
temperature treatments beginning at 23 °C, then 14 °C and ending at 5 °C. It was noted that
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dissolved As was linearly correlated with Fe, and increased with warmer temperature in the study,
however the rise in concentration acted independently from temperature (Weber et al., 2010). The
flooding of the contaminated soil created reducing conditions which promoted the increase in
Fe(II) and As(III) concentrations. The mobilization of As in sediment and soils occur in anoxic
conditions, which promotes microbial Fe and As reduction. Under anoxic conditions, temperature
had a large influence on the concentrations of dissolved Fe(II) and As(III) (Weber et al., 2010).
Arsenite formation is linearly correlated the formation of Fe(III) in reducing conditions, this shows
that microbial Fe(III) hydroxide reduction rate is directly corelated to As(V) reduction (Weber et
al., 2010). Temperature may have impacted temporal dynamics of Fe and As, however, the main
driver in the rise in As concentration and flux was the reducing conditions (Weber et al., 2010).
The dissolved-phase dynamics of As and Fe are controlled by the reductive transformation of
readily available Fe(III) and As(V). Physical processes driven by temperature can lead to an
increase in As mobility. Arsenate will sorb to goethite, and the sorption will become increasingly
weaker with increasing temperature (Kersten & Vlasova, 2009). Previous studies have shown that
As(III) will desorb from sediments with increased temperature (Bonte et al., 2013). This is because
As(V) and As(III) will compete with each other and with HCO3- to sorb onto goethite (Stachowicz
et al., 2007). Over short periods of time, temperature is not a driver of As mobility, but the long
term impact it has on redox potential on a seasonal scale is a major factor (Johnston et al., 2020).

In oxic condition, As(V) in floodplain soil is linked to poorly crystalline Fe(III)
(hydroxides), which is caused by As(III) oxidizing with Fe(II) during aeration (Voegelin et al.,
2007). Webber et al, (2010) suggests that reductive dissolution of poorly crystalline Fe(II)
hydroxides frees As(V), which is typically blocked, and

allowing it to be obtainable for
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microorganisms. Thus reductive dissolution of Fe(III) (hydr)oxides is the limiting factor in
microbial reduction of As(V) (Zobrist et al., 2000). Under neutral and slightly acidic conditions
As(V) sorption is stronger then As(III), due to their being a lack of competing ions (Robert et al.,
2004; Stachowicz et al., 2003; Dixit & Hering, 2003), so that the reduction of As(V) to As(III)
leads to an increased in net dissolved As. An important driver of As mobility is the reduction of
As(V) species accompanied by the desorption of newly formed As(III) (Borch et al., 2010). Under
neutral and near neutral conditions with low to moderate loadings, As(III) has a lower sorption
affinity than As(V) to sediment and soil particles (Johnston et al., 2020). Evidence of this was seen
through the correlations to carbon dioxide (CO2) levels, temperature, the redox potential and
As(III), indicating that it is not temperature that controlled As mobility, but that microbial carbon
metabolism is the main driver of As(V) reduction to As(III) (Rouwane, et al., 2016).

Li et al., (2020) conducted a batch experiment on mine contaminated sediments collected
from the Huangshui Creek in Hunan Province, China. In their experiment sediment samples were
incubated and underwent 3 temperature treatments of 8 ℃, 25 ℃ and 37 ℃. In this experiment they
saw an increase in As concentration with temperature, specifically an increase of As(III) mobility
from the sediments (Li et al., 2020), similarly seen in Fernandez et al., (1996). This study suggests
that As contaminated sediments will supply As at warmer temperatures (Li et al., 2020). This
differs from what was seen in this thesis. Biogeochemical cycling of As is influenced by factors
such as pH, Eh, ionic strength and microbial activity (Li et al., 2020). The speciation of As is
influenced by photooxidation, microbial Fe, Mn, and oxidation and reducing conditions (Ahmann
et al., 1994; Mackway et al., 2014). Li et al., (2020) study showed that temperature and As
concentration were the major controls for microbial community, and As mobility from sediments
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increased with increasing temperature. However, Li et al., (2020) did not address sediments
incubated in a well oxygenation environment.

Similarly, a study conducted by Johnston et al., (2020), sediment from the Macleay River
catchment in the United States was collected and incubated for 21 days at five temperature
treatments at 8 °C, 14 °C, 20 °C, 26 °C and 32 °C, as it matches the temperature range in the
Macleay River. Their study showed that temperature alone had a negligible impact on As mobility
under oxic conditions, but that temperature had a indirect influence on reducing conditions
(Johnston et al., 2020). New aspects that must be considered for future studies is the impact
dissolved oxygen has on As mobility with varying temperatures, and the indirect effects
temperature has of microbe respiration rates, which can drive redox conditions (Johnston et al.,
2020). In Johnston’s et al. (2020) study there was an increase in As(III) species towards the end
of the experiment when sediment was at the highest temperature treatment and in reducing
conditions. This is to be predicted as the reduction of As(V) is thermodynamically more favourable
than the reduction of both Fe(III) and SO42- (Kocar & Fendorf, 2009). Temperature is a key
parameter in the redox-sensitive biogeochemical process, but only if the environment is already
under reducing conditions (Johnston et al., 2020). Arsenate is typically found in oxic
environments, and it will interact with sediment particles via adsorption, decreasing its aqueous
activity (Campbell & Nordstrom, 2014). Arsenite is dominant in reducing conditions, allowing it
to be more mobile then As(V) (Arsic, et al., 2018; Burton et al., 2008; Diwakar et al., 2015;
Fendorf, Michael, et al., 2010; Johnston et al., 2010, 2020).
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Despite the difference in geochemical structure of sediment between lakes, there was no
change in As fluxes with increasing temperature in sediments from either lake, as seen in this
experiment. However, this has been seen in previous studies that difference in geochemical
properties between lakes both have an increase in sediment temperature has seen similar increase
in As fluxes (Barrett et al., 2019). However, the increase in As in Barrett et al., (2019) study is due
to the sediment cores remaining under reducing conditions throughout the experiment.

Arsenic found within lake sediments is associated with Fe-(hydro) oxides, because As will
either sorb or co-precipitate with the iron-(hydro)oxides (Ferguson & Gavis, 1972). Arsenic coprecipitates with Fe oxides, so when Fe begins to reduce As is released (Loeppert & Inskeep 1996).
Arsenic (As) can enter porewater in multiple ways. One way is through competitive ion desorption
for the sediment particles (Smedley & Kinniburgh, 2002). The second way is through reductive
dissolution of Fe-oxide mineral, which occur in a anaerobic environment with high microbe
activity, which oxidizes organic carbon thought reducing Fe(III) (Smedley &K Kinniburgh, 2002;
Barrett et al., 2019). Once the As can travel within the sediment porewater, it will move into the
overlying water column through either molecular transport, or turbulent diffusion (Barrett et al.,
2019). Previous studies have considered that high bottom water temperatures and sediment
temperatures promote the mobilization of As, due to the increase in microbial respiration which
stimulates the increase in As flux during organic carbon oxidation (Barrett et al., 2019). The
oxidize form of As, As(V), is particle reactive, As(V) will move out of oxic water, and tends to
sorbs onto other settling particles and sediments (De Vitre et al., 1991; Dixit & Hering, 2003;
Tufano & Fendorft 2008), it is this particle reactivity that causes As concentration to remain low
in oxic waters (Smedley & Kinniburgh, 2002). However, it has been seen that in shallow well
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mixed lakes, the As concentration will remain high in summer months (Smedley & Kinniburgh
2002). Barrett et al, (2019) suggested that the key component that influences As flux in oxic water
is biological activity. Biological activity is one of the key factors influencing As flux in oxygenated
conditions because phytoplankton take up As(V) along with phosphate due to the similarity in its
molecular shape, resulting in phytoplankton becoming a key transport for As (Rahman et al.,
2012). This phytoplankton As uptake is the primary entry point of As into the aquatic food web
(Chen & Folt 2000; Chen et al., 2000; Erickson et al., 2011). Once the phytoplankton have died or
been eaten by zooplankton, their biomass sinks down to the sediments, returning the As back to
the sediments (Barrett et al., 2019). During periods of excess phosphorus availability within lakes,
typically seen during the early onset of algae blooms, algae will take up the phosphorus, and
therefore there will be an increase uptake in As(V) (Hellweger et al., 2003; Hellweger & Lall
2004). In the summer, phosphorus becomes a limited nutrient, therefore As(V) and phosphate
compete for uptake sites on the algae membranes, thus the (As) uptake rate is opposite to the
phosphate-to-As(V) ratio (Sanders & Windom, 1980).

During long period of anoxia, as seen in seasonally stratified lakes, S2- generation will
promote the precipitation of As2S3 minerals (Moore et al., 1988; Harington et al., 1998). When
lakes become well mix and oxygenated, such as lakes at the end of stratifications, the As and Fe
will begin to oxidate, facilitating the scavenging of As(V) onto Fe-rich particles that have settled
onto the lake sediments (Hartland et al., 2015). In previous research, seasonal variations in suboxic
sediment zones of highly contaminate lakes, saw an increase in elevated porewater As
concentrations as the temperature increased (Toevs et al., 2008; Andrade et al., 2010; Van Den
Berghe et al., 2018). In a study conducted by Barrett et al., (2019) a seasonal increase in bottom
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water temperatures resulted in an increase in porewater As concentration. This is due to an increase
in microbial activity brought on by an increase temperature of > 20 ℃, which influences the As
released cause by the dissimilatory reduction of Fe-oxides (Barrett et al., 2019).

3.4.2 Fick’s First Law
With the use of Fick’s First Law of diffusion, the theoretical porewater As flux was calculated for
the sediment cores from Lower Martin Lake (Figure 3.6). The predicted flux based on the
theoretical temperature effects were relatively small for both cores, and the observed flux for each
core had little to no change by the end of the experiment. This is because the sediments remained
well oxygenated and did not allow for the change in redox state at the sediment boundary, which
is an important mechanism in controlling the porewater flux (Palmer et al., 2019). Therefore, core
1 and core 2 did not have an overall increase in As porewater flux with warmer temperatures as
hypothesized. Fick’s Law calculations and measurements of change in As concentration of
overlying water are two different ways to estimate As flux. Overall, both methods provided similar
estimates of As flux, which provide support to the validity of the experimental results.

The predicted increase of As flux based on Fick’s Law over the temperature range of 722 ℃ was relatively low in core 1 as the range was 220.75 to 335.48 μg/m2/day and in core 2 it
was 11.44 to 17.38 μg/m2/day. However, this increase is relatively small compared to with the ~65
– 5000 μg/m2/day range of As fluxes from sediments reported in the literature (Andrade et al.,
2010; Schuh et al., 2019; Van Den Berghe et al., 2017). The Fick’s Law prediction only assumes
an effect of temperature on diffusion, not a change in redox conditions or altered adsorption on Fe
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oxyhydroxides. This is consistent with the experimental design of keeping the sediments well
aerated and under oxic conditions throughout the temperature treatments.

3.4.3 Implications of Climate Change
The general implications for long-term monitoring of contaminated lakes in the Yellowknife
region under a warming climate is that in addition to monitoring temperature, temperaturemediated effects on sediment and water dissolved oxygen concentrations should be monitored.
Increased primary production in subarctic lakes experiencing climate warming could also alter
dissolved oxygen concentrations by stimulation of microbial metabolism within the lake’s
sediments. Sediments archive climate signals and allow paleolimnologists to identify past changes
that occurred over a millennia ago (Williamson et al., 2009a). Lakes are considered hotspots for
carbon cycling within their landscape, and lakes act as regulators for climate change, terrestrial
and atmosphere change as well as aquatic carbon (Williamson et al., 2019a). Climate change is
impacting aquatic ecosystems in many ways (Polunin, 2008). Arctic and subarctic lakes are also
facing a large amount of environmental change due climate warming. Lakes function as a network
of environmental sensors, that can be used as information on how climate change will affect water
resources, and inland lakes have already shown the impact climate change will have on
surrounding ecosystems (Vincent 2009; Williamson et al., 2009b). Some changes brought on by
climate change in lakes and rivers of the northern hemisphere include a decrease in ice cover; the
ice cover is on average 12 days shorter over the last 100 years (Magnuson et al., 2000). Any
changes in ice cover can alter the positive feedback effects of warming on the lakes, which can
increase the biological activity within the lakes (Quayle et al., 2002; Smol & Doughlas 2007a;
Ruhland et al., 2008; Antoniades et al., 2009) Climate change will also alter the amount of
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precipitation within the Arctic. Other components that will change with the climate is the
ultraviolet radiation (UVR) exposure and an increase of CO2 in the atmosphere (Sobrino et al.,
2009), and nitrogen deposition (Hessen et al., 2009) and a change within the food-web dynamics
(Manca & DeMott, 2009). Lakes are typically the lowest point within the landscape which receives
input from the surrounding environment. Precipitation patterns, changes in seasonal temperature,
and carbon flux within lakes all have an impact on the global biogeochemical cycles within aquatic
and terrestrials’ ecosystems (Williamson, et al., 2009a). For examples, changes in dissolved OM
have changed in multiple lakes around the world, however the reason for the changes are not
consistent amongst the study sites (Evan et al., 2006; Monteith et al., 2007). A larger amount of
organic carbon is deposited in lakes than into the world’s ocean sediments (Dean & Gorham 1998),
and rates of deposition of fixed organic carbon is much higher for lakes and reservoirs than in the
world’s oceans (Williamson 2009a). Hence, lakes function as a sink for organic carbon and
greenhouse gases and regulate the impact of global climate change (Cole et al., 2007). It has been
suggested to understand the impact on lakes from climate change would require the monitoring of
key variables such as ice cover, and dissolved OM (Williamson, 2009b; Mueller et al., 2009;
Kutser et al., 2005). Predictive climate models have suggested that increase in warming stability
and decrease in lake water mixing will lead to oxygen depletion and the development of anoxic
areas (MacIntyre et al., 2009; Verburg & Hecky, 2009). Anoxia leads to regeneration of limiting
nutrients, in some cases its phosphorus which leads to cyanobacteria blooms (Lopez-Urrutia, 2008;
Wagner & Adrian 2009), and can also lead to an increase in As flux in contaminated sediments.
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3.5 Conclusion
The results of this study indicate that temperature had a negligible direct impact on the flux of As
from organic-rich and organic-poor sediments contaminated with As under oxidizing conditions.
Previously reported effects of temperature on sediment As fluxes in other studies were likely due
to indirect effects of temperature on biological oxygen demand and dissolved oxygen/redox
conditions in the sediment surface layer which impact As compound desorption and adsorption
rates. Future research should examine how climate-mediated changes to sediment biological
oxygen demand and enhanced carbon cycling may impact As mobility in contaminated subarctic
lakes.
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4 GENERAL CONCLUSION
The findings of this study were different then what was predicted. This study helps in
understanding the importance of monitoring temperature impacts on different factors such as
biological activity, oxygen levels within lakes, and that temperature alone had negligible influence
on the mobility of As contamination within the Yellowknife Bay and Lower Martin Lake
sediments. This study also highlights that in addition to temperature, dissolved oxygen levels
should be monitored in the lakes since it has a potentially large impact on As mobility. Monitoring
both temperature and oxygen levels of the lakes will help researchers properly model and predict
the impact climate change on the Arctic and Subarctic lakes. The oxygen levels and temperature
in both Yellowknife Bay and Lower Martin Lake should especially be monitored considering the
history of impacts As has had on the local communities at Yellowknife, and the possible impact it
can have in the future with increasing temperatures brought on by climate change. With the
progression of the Giant Mine remediation project, it is important for planners to understand the
possible impact historical contaminants can have on the community.

Other measurements that should be considered for future work include the speciation of As
with increasing temperature, to understand how As speciation changes with temperature. This
could include both inorganic As speciation and the possible production of organic As in sediments.
By studying this, it will be possible to better possible changes to toxicity of As within the
Yellowknife area lakes.

Another suggested study would be the one originally planned for this thesis before alterations
had to be made due to Covid-19. It is still strongly suggested that a study should be conducted to
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assess the impact warmer temperatures, caused by climate change, will have on the
bioaccumulation of the legacy As contamination on the biota of Great Slave Lake and a nearby
smaller organic rich sediment rich lake. This project would characterize how legacy As
contamination in sediment bioaccumulates in aquatic food chains, using an aquatic invertebrate as
a bioindicator. By understanding what environmental conditions impact the bioaccumulation of
As at the base of the food chain, we can predict how bioaccumulation will be influenced by the
environmental changes brought on by climate change.

More specifically more research should be conducted examining the following aspects of As
bioaccumulation. The first objective would be to determine which forms of As (inorganic and
organic species) amphipods are exposed to from contaminated sediment. By understanding which
As species exposure to amphipods, it can help in understanding the risks and possible toxicity to
amphipods. The second aspect that should be studied is the species of As that bioaccumulate in
amphipods. Depending on the species of As that are bioaccumulated in the amphipods determines
the risks of toxicity the amphipods are facing.

The third aspect will be to see if the As

bioaccumulating in amphipods comes from the water or the sediments. By differentiating the
source of As that can be bioaccumulate in amphipods will pin point the As sources that will require
more monitoring to prevent the risk of As moving up the food web. The final aspect that should
be further examined is if water temperature can influence the speciation or extent of As
bioaccumulation in amphipods. If temperature can influence both the speciation and
bioaccumulation of As in amphipods then warmer temperatures brought on by climate change may
be more hazardous to the northern food web then initially understood.
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With climate change increasing the temperature within the Arctic and subarctic, the fate of
the legacy mine contaminants is of high interest to researchers and those living within the
surrounding area. These future studies will help researchers and the local community that use these
lakes for recreational and subsistence activities, and to plan mitigation tactics of legacy
contaminants.
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6 APPENDICES
A.

Surface Water, Porewater and Sediment Characteristics

Table 6.1: Surface water sampled at the beginning and end of the experiment was analyzed for a
suite of 25 elements by ICP-MS for background water chemistry at Taiga Environmental
Laboratory in Yellowknife. Values shaded red were below the method detection limit (MDL).
C2.1
C2.1
C2.2
C2.2
C2.3
C2.3
C2.4
C2.4
D0
D36
D0
D36
D0
D36
D0
D36
Elements
(ug/L) (ug/L)
(ug/L)
(ug/L) (ug/L) (ug/L)
(ug/L) (ug/L)
Aluminum
21.6
12.2
16.9
8.9
58
4
4.9
3.9
Antimony
4.7
4.1
2.1
2.1
56.1
179
46.6
144
Arsenic
58
112
34.2
58.5
23.5
88.2
22.6
72.8
Barium
17.3
27.9
16.3
15.6
20.2
84.9
20.3
105
Beryllium
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
Cadmium
0.04
0.04
0.04
0.04
0.04
0.09
0.04
0.14
Cesium
0.1
0.2
0.1
0.2
0.1
0.1
0.1
0.2
Chromium
0.1
0.1
0.1
0.1
0.2
0.1
0.1
0.1
Cobalt
0.1
0.3
0.1
0.1
0.4
0.5
0.2
0.5
Copper
0.5
0.9
0.5
0.5
2.5
7.5
2.6
7.3
Iron
33
41
36
8
5
5
5
5
Lead
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
Lithium
2.3
3.1
2.4
3
2.5
6.9
2.5
6.6
Manganese
3.2
4.7
4.1
0.5
168
41.8
48.6
47.6
Molybdenum
0.9
1
0.4
0.4
0.3
1.5
0.2
1.4
Nickel
0.3
0.5
0.2
0.7
4.5
9.3
4.3
7.4
Rubidium
2.7
4.8
2.7
4.9
1.8
7.4
2
7.9
Selenium
0.3
0.3
0.3
0.3
0.3
0.5
0.3
0.5
Silver
0.6
0.6
1.2
0.5
0.6
2.8
1.4
4.1
Strontium
47.6
61.7
48.1
56.9
49.5
173
49.5
173
Thallium
0.1
0.1
0.1
0.1
0.1
0.1
0.1
0.1
Titanium
0.3
0.3
0.2
0.2
0.2
0.2
0.2
0.2
Uranium
0.3
0.1
0.2
0.1
0.1
0.1
0.1
0.1
Vanadium
1.3
0.5
0.5
0.2
0.1
0.3
0.1
0.3
Zinc
1.9
1.4
1.2
1.4
20.9
36.4
27.9
34
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Table 6.2: General water quality measured in the stock surface water added to the cores and the
surface waters at the end of the experiment. The chemical analyses were performed at Caduceon
Environmental Laboratory in Ottawa.

Parameter
Hardness (as CaCO3)
Alkalinity(CaCO3) to
pH4.5
Fluoride
Chloride
Calcium
Magnesium
Sodium
Potassium

Units MDL
mg/L
1

C2.1
55

C2.2
52

C2.3
143

C2.4
120

Lower
Martin Lake
Stock
65

mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L

59
< 0.1
20.8
15.1
4.11
3.9
21.7

52
< 0.1
30.7
14.1
3.96
4.1
34.7

39
< 0.1
19.8
37.5
12.1
5.2
21.3

33
< 0.1
28.6
31.8
9.81
4.9
27.5

96
< 0.1
5.1
17.2
5.27
4.3
1

5
0.1
0.5
0.02
0.02
0.2
0.1

Yellowknife
Bay
Stock
24
18
< 0.1
2.7
5.68
2.34
2.5
1.1

Table 6.3: Surface water of the four sediment cores in the experiment were analyzed by ICP-MS
for water chemistry at Taiga Environmental Laboratory in Yellowknife. Values shaded red were
below the MDL.

Core Date
2.1 17-Jun-19
2.1 18-Jun-19
2.1 19-Jun-19
2.1 21-Jun-19
2.1 24-Jun-19
2.1 25-Jun-19
2.1 26-Jun-19
2.1 28-Jun-19
2.1 02-Jul-19
2.1 03-Jul-19
2.1 04-Jul-19
2.1 08-Jul-19

Water
Mass
Mass
Mass
Sample Vol.
[As]
As
[Fe] Fe
[Mn] Mn
Sample ID Day
(L)
ug/L
(ug)
ug/L (ug)
ug/L
(ug)
C2.1 D=0
0 1.423
58.0
82.5 33.0
47.0
3.2
4.6
C2.1 D=1
1 1.386
56.4
78.2 31.0
43.0
2.4
3.3
C2.1 D=2
2 1.381
62.5
86.3 31.0
42.8
2.4
3.3
C2.1 D=4
4 1.376
65.7
90.4 36.0
49.5
1.7
2.3
C2.1 D=7
7 1.371
66.7
91.5 26.0
35.7
1.1
1.5
C2.1 D=8
8 1.351
72.4
97.8 31.0
41.9
2.0
2.7
C2.1 D=9
9 1.346
74.4 100.2 29.0
39.0
1.4
1.9
C2.1 D=11
11 1.341
77.9 104.5 27.0
36.2
0.9
1.2
C2.1 D=15
15 1.336
85.0 113.6 22.0
29.4
0.8
1.1
C2.1 D=16
16 1.316
84.3 111.0 25.0
32.9
2.3
3.0
C2.1 D=17
17 1.311
84.8 111.2 26.0
34.1
2.0
2.6
C2.1 D=21
21 1.306
86.3 112.7 31.0
40.5
1.8
2.4
78

2.1
2.1
2.1
2.1
2.1
2.1
2.1
2.1
2.1

09-Jul-19
10-Jul-19
11-Jul-19
15-Jul-19
16-Jul-19
17-Jul-19
18-Jul-19
22-Jul-19
23-Jul-19

C2.1 D=22
C2.1 D=23
C2.1 D=24
C2.1 D=28
C2.1 D=29
C2.1 D=30
C2.1 D=31
C2.1 D=35
C2.1 D=36

22
23
24
28
29
30
31
35
36

1.301
1.281
1.276
1.271
1.266
1.246
1.241
1.236
1.231

101.0
101.0
109.0
110.0
112.0
111.0
116.0
107.0
112.0

131.4
129.4
139.1
139.8
141.8
138.3
144.0
132.3
137.9

35.0
43.0
37.0
41.0
38.0
37.0
39.0
42.0
41.0

45.5
55.1
47.2
52.1
48.1
46.1
48.4
51.9
50.5

1.6
1.8
2.1
1.4
1.1
1.9
6.7
5.4
4.7

2.1
2.3
2.7
1.8
1.4
2.4
8.3
6.7
5.8

2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2
2.2

17-Jun-19
18-Jun-19
19-Jun-19
21-Jun-19
24-Jun-19
25-Jun-19
26-Jun-19
28-Jun-19
02-Jul-19
03-Jul-19
04-Jul-19
08-Jul-19
09-Jul-19
10-Jul-19
11-Jul-19
15-Jul-19
16-Jul-19
17-Jul-19
18-Jul-19
22-Jul-19
23-Jul-19

C2.2 D=0
C2.2 D=1
C2.2 D=2
C2.2 D=4
C2.2 D=7
C2.2 D=8
C2.2 D=9
C2.2 D=11
C2.2 D=15
C2.2 D=16
C2.2 D=17
C2.2 D=21
C2.2 D=22
C2.2 D=23
C2.2 D=24
C2.2 D=28
C2.2 D=29
C2.2 D=30
C2.2 D=31
C2.2 D=35
C2.2 D=36

0
1
2
4
7
8
9
11
15
16
17
21
22
23
24
28
29
30
31
35
36

1.445
1.425
1.420
1.415
1.405
1.385
1.380
1.375
1.370
1.350
1.345
1.340
1.335
1.298
1.293
1.288
1.278
1.258
1.253
1.248
1.226

34.2
33.9
34.8
35.2
36.7
36.4
37.5
38.0
41.8
41.1
42.8
43.1
46.2
44.5
45.5
47.1
49.8
49.7
51.6
55.5
58.5

49.4
48.3
49.4
49.8
51.6
50.4
51.7
52.2
57.3
55.5
57.6
57.8
61.7
57.8
58.8
60.7
63.6
62.5
64.7
69.3
71.7

36.0
36.0
32.0
28.0
18.0
17.0
16.0
15.0
13.0
19.0
17.0
15.0
15.0
15.0
15.0
13.0
10.0
11.0
10.0
10.0
8.0

52.0
51.3
45.4
39.6
25.3
23.5
22.1
20.6
17.8
25.6
22.9
20.1
20.0
19.5
19.4
16.7
12.8
13.8
12.5
12.5
9.8

4.1
3.2
3.3
3.5
0.2
0.8
0.5
0.5
0.5
1.7
0.9
0.6
0.6
0.8
0.5
0.4
0.2
0.8
0.8
1.2
0.5

5.9
4.6
4.7
5.0
0.3
1.1
0.7
0.7
0.7
2.3
1.2
0.8
0.8
1.0
0.6
0.5
0.3
1.0
1.0
1.5
0.6

2.3
2.3
2.3
2.3
2.3
2.3
2.3
2.3
2.3
2.3
2.3
2.3

17-Jun-19
18-Jun-19
19-Jun-19
21-Jun-19
24-Jun-19
25-Jun-19
26-Jun-19
28-Jun-19
02-Jul-19
03-Jul-19
04-Jul-19
08-Jul-19

C2.3 D=0
C2.3 D=1
C2.3 D=2
C2.3 D=4
C2.3 D=7
C2.3 D=8
C2.3 D=9
C2.3 D=11
C2.3 D=15
C2.3 D=16
C2.3 D=17
C2.3 D=21

0
1
2
4
7
8
9
11
15
16
17
21

1.307
1.290
1.285
1.280
1.275
1.258
1.253
1.243
1.238
1.221
1.216
1.211

23.5
25.9
33.2
44.2
54.6
55.8
58.3
61.5
68.7
67.1
68.5
73.2

30.7
33.4
42.7
56.6
69.6
70.2
73.0
76.4
85.0
81.9
83.3
88.6

5.0
5.0
5.0
5.0
5.0
5.0
7.0
5.0
5.0
5.0
5.0
5.0

6.5
6.4
6.4
6.4
6.4
6.3
8.8
6.2
6.2
6.1
6.1
6.1

168.0
186.0
196.0
204.0
212.0
199.0
195.0
175.0
139.0
120.0
108.0
64.4

219.6
239.9
251.9
261.1
270.3
250.3
244.3
217.5
172.1
146.5
131.3
78.0

79

2.3
2.3
2.3
2.3
2.3
2.3
2.3
2.3
2.3

09-Jul-19
10-Jul-19
11-Jul-19
15-Jul-19
16-Jul-19
17-Jul-19
18-Jul-19
22-Jul-19
23-Jul-19

C2.3 D=22
C2.3 D=23
C2.3 D=24
C2.3 D=28
C2.3 D=29
C2.3 D=30
C2.3 D=31
C2.3 D=35
C2.3 D=36

22
23
24
28
29
30
31
35
36

1.206
1.189
1.184
1.179
1.174
1.157
1.152
1.142
1.137

78.9
77.3
79.3
85.6
89.0
87.7
86.8
85.7
88.2

95.2
91.9
93.9
100.9
104.5
101.5
100.0
97.9
100.3

5.0
5.0
35.0
5.0
5.0
5.0
5.0
5.0
5.0

6.0
5.9
41.4
5.9
5.9
5.8
5.8
5.7
5.7

56.0
44.8
37.1
13.6
10.0
8.0
6.3
22.7
41.8

67.5
53.3
43.9
16.0
11.7
9.3
7.3
25.9
47.5

2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4
2.4

17-Jun-19
18-Jun-19
19-Jun-19
21-Jun-19
24-Jun-19
25-Jun-19
26-Jun-19
28-Jun-19
02-Jul-19
03-Jul-19
04-Jul-19
08-Jul-19
09-Jul-19
10-Jul-19
11-Jul-19
15-Jul-19
16-Jul-19
17-Jul-19
18-Jul-19
22-Jul-19
23-Jul-19

C2.4 D=0
C2.4 D=1
C2.4 D=2
C2.4 D=4
C2.4 D=7
C2.4 D=8
C2.4 D=9
C2.4 D=11
C2.4 D=15
C2.4 D=16
C2.4 D=17
C2.4 D=21
C2.4 D=22
C2.4 D=23
C2.4 D=24
C2.4 D=28
C2.4 D=29
C2.4 D=30
C2.4 D=31
C2.4 D=35
C2.4 D=36

0
1
2
4
7
8
9
11
15
16
17
21
22
23
24
28
29
30
31
35
36

1.307
1.290
1.285
1.280
1.275
1.258
1.253
1.243
1.238
1.221
1.216
1.211
1.206
1.189
1.184
1.179
1.174
1.157
1.152
1.147
1.142

22.6
23.1
28.7
37.1
45.4
46.9
48.6
51.1
57.2
56.8
57.7
61.2
66.4
64.6
66.7
70.9
75.2
73.0
74.5
69.1
72.8

29.5
29.8
36.9
47.5
57.9
59.0
60.9
63.5
70.8
69.4
70.2
74.1
80.1
76.8
79.0
83.6
88.3
84.5
85.8
79.3
83.1

5.0
5.0
5.0
5.0
5.0
5.0
5.0
5.0
5.0
5.0
5.0
5.0
5.0
8.0
5.0
5.0
5.0
5.0
5.0
6.0
5.0

6.5
6.4
6.4
6.4
6.4
6.3
6.3
6.2
6.2
6.1
6.1
6.1
6.0
9.5
5.9
5.9
5.9
5.8
5.8
6.9
5.7

48.6
46.3
46.5
42.9
35.9
31.5
28.8
23.1
14.8
12.3
10.8
5.9
5.3
5.1
4.3
2.9
2.2
1.9
2.2
28.0
47.6

63.5
59.7
59.8
54.9
45.8
39.6
36.1
28.7
18.3
15.0
13.1
7.1
6.4
6.1
5.1
3.4
2.6
2.2
2.5
32.1
54.4
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Table 6.4: Porewater concentrations of Lower Martin Lake sediment measured weekly during the
incubation experiment. Element concentrations were measured by ICP-MS at Taiga
Environmental Laboratory in Yellowknife.

Core Points Date
2.1
1 17-Jun-19
2.1
2 24-Jun-19
2.1
3
02-Jul-19
2.1
4
08-Jul-19
2.1
5
16-Jul-19
2.2
6 17-Jun-19
2.2
7 24-Jun-19
2.2
8
02-Jul-19
2.2
9
08-Jul-19
2.2
10
16-Jul-19

Sample ID
C2.1 D=0
C2.1 D=7
C2.1 D=15
C2.1 D=22
C2.1 D=29
C2.2 D=0
C2.2 D=7
C2.2 D=15
C2.2 D=22
C2.2 D=29

Core
2.1
2.1
2.1
2.1
2.1
2.2
2.2
2.2
2.2
2.2

As.Conc Fe.Conc Mn.Conc
Sample Temp.
(µg/L)
(µg/L)
(µg/L)
Day
(℃)
7.5
0
124
78
45.4
7.5
7
101
23
4
12.2
15
86
24
1.1
18.3
22
102
38
2.2
21.5
29
110
65
23.3
7.5
0
42.5
463
231
7.5
7
32.3
396
177
12.2
15
40.6
343
165
18.3
22
58
419
193
21.5
29
48.5
944
364
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Table 6.5: Chemical analysis for Yellowknife Bay and Lower Martin Lake sediment used in the
incubation experiment. Element concentrations were measured by ICP-MS at Bureau Veritas in
Vancouver, BC.

Sample
C2.3 0-1 cm
C2.3 1-1.5 cm
C2.3 1.5-2 cm
C2.3 2-2.5 cm
C2.3 2.5-3 cm
C2.3 3-3.5 cm
C2.3 3.5-4 cm
C2.3 4-4.5 cm
C2.3 4.5-5 cm

Method
Analyte
Unit
MDL
Type
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment

C2.4 0-1 cm
C2.4 1-1.5 cm
C2.4 1.5-2 cm
C2.4 2-2.5 cm
C2.4 2.5-3 cm
C2.4 3-3.5 cm
C2.4 3.5-4 cm
C2.4 4-4.5 cm
C2.4 4.5-5 cm

AQ250
Mn
PPM

AQ250
AQ250
Fe
As
%
PPM
1
0.01

AQ250
S
%
0.1
0.02

1300
678
636
674
693
698
697
692
677

4.24
3.99
3.83
3.8
3.88
3.9
3.96
4.05
4.17

2009.3
1961.5
1334.4
1496.8
1852.7
1536.9
1573
1657.5
1753.8

0.11
0.15
0.17
0.17
0.15
0.17
0.2
0.2
0.21

Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment
Lake Sediment

845
645
645
672
660
696
715
684
705

4.06
4.08
4.05
3.96
3.94
4.05
4.12
4.03
4.17

1646.1
1802.8
1888
1538.9
1475.3
1564.6
1706.2
1604.3
1748.3

0.14
0.18
0.18
0.18
0.19
0.18
0.19
0.19
0.19

C2.1 0-3 cm
C2.2 0-3 cm

Lake Sediment
Lake Sediment

203
151

0.94
1

805.5
838.1

1.36
1.42

PACS-2A
PACS-2B

Lake Sediment
Lake Sediment

247
240

3.07
2.99

23.9
23.5

1.25
1.21

Pulp Duplicates
C2.3 1-1.5 cm
C2.3 1-1.5 cm

Lake Sediment
REP

678
662

3.99
3.94

1961.5
1934.1

0.15
0.15
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Reference
Materials
STD DS11
STD OREAS262
STD DS11
STD OREAS262
STD BVGEO01
STD OREAS262

STD
STD
STD
STD
STD
STD

BLK
BLK
BLK

BLK
BLK
BLK

B.

1034
537
988
529
724
517
<1
<1
<1

3.1
3.23
3.07
3.22
3.68
3.16
< 0.01
< 0.01
< 0.01

43.2
35.4
42.6
35.8
118.4
35.8
< 0.1
< 0.1

0.27
0.26
0.26
0.25
0.64
0.24

< 0.02
< 0.02
0.2 < 0.02

Fick’s First Law Data

Table 6.6: Calculated Viscosity Coefficient and Diffusion coefficient at given Ambient
Temperatures.
Viscosity (mPa/s)
1.415
1.23
1.107
0.987

Ambient Temperatures (℃)
7
12
16
21

Diffusion (cm2/s)
5.17 × 10−6
6.05 × 10−6
6.82 × 10−6
7.86 × 10−6

Table 6.7: Measured Particle Density in 2 Lower Martin Lake cores collected by Mike Palmer,
used to calculate average particle density used in the Porosity coefficient calculation. Average of
both cores calculated to be 0.01 g/cm3.
Depth of Sediment Core
(cm)
0
0.5
1
1.5
2
2.5
Average

Particle Density of Core 1
(g/cm3)
0.012173
0.007896
0.010857
0.007896
0.013489
0.013160
0.010912

Particle Density of Core 2
(g/cm3)
0.005593
0.008883
0.006909
0.010857
0.017108
0.011186
0.010089
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C.

R code for Calculating Predicted Sediment Fluxes of As from Lower
Martin Lake

#########_____Calculating The DIFFUSION Coefficient (D) unit is 10^-6 cm^2/s____####
Ambient.Temp<-c(7,12,16,21) #Average temperature per treatment
Ambient.Viscosity<-c(1000*(2.414/10^5)*10^(247.8/((Ambient.Temp+273.15)-140)))
Diffusion<c(((((0.00000875*0.89)/(25+273.15))*(Ambient.Temp+273.15))/Ambient.Viscosity)/0.000001
) # 10^-6 cm^2/s
Diffusion # 10^-6 cm^2/s
#########_____Calculating The POROSITY Coefficient ____####
# Porosity = 1- (Sediment Bulk Density/Average Particle Density)
# Average Particle Density is 0.8 g/cm3 suggested by Mike.
# Sediment Bulk Density is calculated using the data given by Mike:
BD.C1<-c(0.012173,0.007896,0.010857,0.007896,0.013489,0.01316) #core 1 of Mikes Data
g/cm3
BD.C2<-c(0.005593,0.008883,0.006909,0.010857,0.017108,0.011186)#core 2 of Mike's data
g/cm3
BD<-c(BD.C1,BD.C2) #g/cm3
Bulk.Density<-mean(BD) #Bulk Density to use in Equation
# Porosity Is calculated:
Porosity<-c(1-(Bulk.Density/0.8))
Porosity #Unitless
#########_____Calculating The FORMATION Coefficient (F))____####
# F = Porosity^-3 for organic sediments with Porosity > 0.7
Formation<-c(Porosity^-3)
Formation #Unitless
#########_____Calculating The CONCENTRATION GRADIENT core 1 (dc/dz) unit is
ug/cm^4____####
# dc/dz = Lowe Concentration-Upper Concentration / distance of gradient
# dc = ug/cm
# dz = 1 cm
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# Porewater concentration CORE 1 (Upper Concentration)
PW.As.C1<-c(124,101) # Arsenic Concentration of PW from both LOWER MARTIN LAKE cores
PW.C1<-mean(PW.As.C1) # ug/L
# Surface Water Concentration CORE 1 (Lower Concentration)
SW.As.C1<-c(58,62.825) # Arsenic Concentration of SW from both LOWER MARTIN LAKE
cores
SW.C1<-round(mean(SW.As.C1),1) # ug/L
# Concentration Gradient Calculation
concentration.gradient.c1<-c(((SW.C1-PW.C1)/1)/1000) #ug/cm4
concentration.gradient.c1 # ug/cm4
#########_____Calculating The CONCENTRATION GRADIENT core 2 (dc/dz) unit is
ug/cm^4____####
# dc/dz = Lowe Concentration-Upper Concentration / distance of gradient
# dc = ug/cm
# dz = 1 cm
# Porewater Concentration CORE 2
PW.As.C2<-c(42.5,32.3)
PW.C2<-mean(PW.As.C2) #ug/L
# Surface Water Concentration CORE 2
SW.As.C2<-c(34.2,35.15)
SW.C2<-round(mean(SW.As.C2),1) #ug/L
# Concentration Gradient Calculation
concentration.gradient.c2<-c(((SW.C2-PW.C2)/1)/1000) # µg/cm4
concentration.gradient.c2 # ug/cm4
#########_____ Difussion Flux Calculation Core 1____####
# Diffusion Flux = (Diffusion Coefficent/Formation)*Porosity* Concentration Gradient
#Final variables
Diffusion # cm^2/s
Formation # Unitless
Porosity # Unitless
concentration.gradient.c1 # ug/cm4
JZ1.1<-c((((Diffusion/1000000)/Formation)*Porosity*concentration.gradient.c1)*(60*60*24))
# g/cm2/day
JZ2.1<c((((Diffusion/1000000)/Formation)*Porosity*concentration.gradient.c1)*(30*60*60*24)) #
g/cm2/month
JZ3.1<-c(JZ1.1/0.0001) # g/m2/day
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JZ4.1<-c(JZ2.1/0.0001) # g/m2/month

#########_____ Difussion Flux Calculation Core 2____####
# Diffusion Flux = (Diffusion Coefficent/Formation)*Porosity* Concentration Gradient
#Final variables
Diffusion # cm^2/s
Formation # Unitless
Porosity # Unitless
concentration.gradient.c2 # ug/cm4
JZ1.2<-c((((Diffusion/1000000)/Formation)*Porosity*concentration.gradient.c2)*(60*60*24))
# g/cm2/day
JZ2.2<c((((Diffusion/1000000)/Formation)*Porosity*concentration.gradient.c2)*(30*60*60*24)) #
g/cm2/month
JZ3.2<-c(JZ1.2/0.0001) # g/m2/day
JZ4.2<-c(JZ2.2/0.0001) # g/m2/month
#########_____ Exporting Data ____####
core1_fluxes<-data.frame(Ambient.Temp, JZ1.1,JZ2.1,JZ3.1,JZ4.1)
core2_fluxes<-data.frame(Ambient.Temp, JZ1.2,JZ2.2,JZ3.2,JZ4.2)
Data<-data.frame(core1_fluxes,core2_fluxes)

86

87

